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1 ABSTRACT 
In the vicinity of rivers, flooding of available lowlands can be considered as a 
possibility for temporal storage of river water during high water regimes to minimize 
the flooding danger of inhabited areas. The creation of wetlands for controlled 
flooding may also contribute to an increased ecological and biological value of the 
ecosystem area. Due to industrial activities, river water, sediments and soils are often 
contaminated with metals. The aim of this study was to determine the changes in the 
metal biogeochemistry under different hydrological conditions and in the presence of 
reed plants and how this affects the uptake of metals by plants and invertebrates. 
Two experimental setups were used. Lab scale experiments consisted of 42 barrels 
filled up with three different soils and flooded with water of different salinities. For the 
field scale experiment, 4 tanks filled with two soil types were placed on a platform in 
the river Scheldt and flooded daily by river water. Results showed that the metal 
mobility did not depend on the total metal content. Other factors such as soil pH, 
CEC, redox status and carbonate, OM and clay contents however play an important 
role in mediating metal behaviour. To prevent the mobilization of the metals, it is 
advisable to reduce redox variations in the soil. The two-year period of the 
experiment was too short to detect any measurable changes in most of the soil 
properties. The measured metal (im)mobilization kinetics can however already be 
incorporated in models in the near future. These models should allow to predict metal 
mobility changes at the oxic-anoxic interface upon changing hydrological conditions, 
where the already existing geochemical models fail due to the fact that they are 
based on steady state conditions.  
In the two-year experimental period, large quantities of metal contaminated sediment 
were found to be deposited on the soils of the tanks which were placed in the river 
Scheldt. This sedimentation could pose a problem, as it minimizes the water storage 
capacity of a flood control area. Moreover, the contamination status of alluvial soils 
should be used as a criterion when selecting new flood control areas as 
uncontaminated flood control areas are expected to be contaminated when polluted 
sediments originating from the surrounding surface waters are being deposited or 
when the soil is contacted with metal-polluted surface water. The latter can be 
expected in the future, as upon increasing oxygen contents of the river waters due to 
decreasing organic matter loads, metals can be mobilised from metal-polluted river 
sediments. Reduction of metal mobility upon increasing oxygen contents of river 
waters therefore needs further investigation. 
The metal accumulation in benthic organisms like T. tubifex was found to strongly 
depend on the inundation period. A higher Zn and Cu accumulation was recorded 
when substrates were allowed to oxidise. For the talitrid amphipod O. gammarellus, 
no clear influence was noted. Photosynthetic performance of the reed plants seemed 
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to be mainly determined by other factors than merely metal contamination levels. 
There was however a possible relation between the abundance of stress enzymes 
and the metal contamination, making it a more valuable parameter to assess the 
effect of metals on reed plants in wetlands. The reed itself did not have any 
measurable effect on the concentration of the metals in the soil or pore water. Also 
no differences in the concentrations of metals in the reed biomass or differences in 
the reed growth were observed between the contaminated and uncontaminated soil. 
 
 
Key words: metal mobility, inundation period, flood control area, Phragmites australis, 
invertebrates 
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2 INTRODUCTION 
The creation of wetlands in the densely populated Belgium is an ideal manner to 
minimize the flooding danger of inhabited areas during high discharge events, as 
reserves for water storage are created. Wetlands have also many other useful 
purposes. They are an ideal habitat for ecologically rare species (Tockner and 
Stanford, 2002) and they can be used for small scale waste water treatment (Werker 
et al., 2002). The construction of wetlands therefore has not only social and 
economical benefits but also an ecological relevance. In Belgium several former and 
current wetlands are polluted due to historical flooding and overbank sedimentation 
or disposal of dredged sediments (Vandecasteele et al., 2004a). These sediments 
contain a wide range of contaminants, including metals. Due to the high retention 
time of metals in most soils (Andreu and Gimeno-García, 1999), most wetlands 
currently still deal with a significant degree of metal contamination. This constitutes a 
large problem when managing, restoring or creating wetlands. Several parameters 
affect the mobility and bioavailability of metals. Thus a clear view on the possible 
consequences of the creation of a wetland in a contaminated environment is required 
to prevent the mobilization of metals, a higher bioavailability (Vandecasteele et al., 
2005) and an increased transfer of metals to invertebrates and to the food web. 
When creating wetlands, large changes can occur in the hydrological regime and 
salinity of the designated area. Hydrological regime, average water storage period 
and salinity of the flooding water might be key issues in the development of a specific 
ecosystem and wetland management. The hydrological regime affects the pH, redox 
potential and indirectly also the organic matter and CaCO3 content of the soil (van 
den Berg and Loch, 2000). It is not easy to control all the parameters that influence 
the metal mobility in wetlands, but the hydrological regime is a parameter that can be 
controlled fairly easily. It also influences the plant and animal species present in the 
wetland habitat. The aim of this study is to determine the changes in the metal 
biogeochemistry when creating wetlands and how this affects the uptake of metals by 
plants and invertebrates.  
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3 LAB SCALE EXPERIMENTAL SETUP 

3.1 Materials and methods 

3.1.1 Experimental setup 
Barrels of 80 cm in height and a volume of 120 litres were equipped with drainage 
outlets and laid in with geotextile to prevent soil export. The barrels were filled with 
three different soil types. The first soil (soil L), was a metal contaminated dredged 
sediment originating from dredging activities in the harbour of Brussels (Belgium). 
This soil was selected for the presence of the metals combined with the absence of 
other contaminants. Before the experiment, the sediment was dewatered for a few 
months and a part of the sediment was then transported in a truck to the experiment 
site. A soil with a similar texture and metal contamination, but originating from a more 
oxic environment was selected as the second soil (Soil C). This soil originated from 
‘Het Lippensbroek’, a site near the Scheldt in Hamme (Belgium). The third soil was a 
non contaminated soil (Soil N), delivered by a stone bakery in Boom (Belgium). This 
soil had a similar texture as the other two soils.  
The barrels, filled with the soils, were put into larger barrels equipped with a faucet at 
the bottom to allow water drainage. The space between the two barrels was filled 
with sand to reduce the water volume and to minimize temperature fluctuations in the 
inner barrel. To flood the soils, water of three different salinities was used (0, 3 and 
10 psu). The soils were subjected to two different flooding regimes. One half of the 
soils were permanently flooded (P) and the other half subjected to a summer dry/ 
winter wet regime (R) with periodic simulated showers in the summer (day 80 to 280 
and day 480-680). After day 280 soil L was not flooded anymore, because the 200 
day dry period was insufficient to allow any measurable changes in the metal 
biogeochemistry. The amount of water used to simulate the showers during the dry 
periods was equal to the average rainfall in summer in Belgium. At day 280 the 
amount of water that was used to simulate rainfall was drastically reduced to a 
minimum. This was done to oxidise the soil as much as possible but still allow pore 
water extraction. For the soils which were permanently flooded with water of 3 psu, 
there was also a treatment that was planted with reed (Phragmites australis). Every 
treatment was duplicated. One setup was used to take soil samples at regular 
intervals, the other setup was used to take pore water samples and perform redox 
measurements. 
As external factors (e.g. temperature and light regime) could not be controlled in the 
outdoor experimental set-up, samples were taken from the reservoirs to perform 
toxicity tests in the laboratory under controlled, standardised conditions. For each 
combination of substrate and salinity, chronic sediment toxicity tests were performed. 
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A first test was performed prior to the start of the flooding and allowed to establish 
the base-line toxicity of the substrates; a second and a third test after 6 and 12 
months of permanent inundation were carried out to assess toxicity changes as a 
function of time. The substrates subjected to the summer-dry/winter-wet regime were 
tested when all the substrates were oxidised due to the dry period. Two test 
organisms were used: the oligochaete Tubifex tubifex, a burrowing species, as a 
representative of benthic organisms and the talitrid amphipod Orchestia gammarellus 
which has a semi-terrestrial lifestyle and represents terrestrial organisms living in the 
upland part of a wetland. The proposed reference soil, soil N, was found to be 
unsuitable for toxicity testing, because of the very low pore water pH (± 2.6) and the 
presence of oxidised pyrite (and possibly associated metals) in the substrate. Both 
factors can influence the behaviour of the test organisms and the metal speciation 
thus possibly resulting in confounding effects. For the toxicity tests, this soil was 
replaced by formulated sediment. Each time a new laboratory test was performed, 
the control soil was freshly made as proposed by the OECD (2005) and was thus not 
subjected to the different treatments. The three tested substrates were thus the 
uncontaminated artificial sediment (OECD), soil C and soil L. 
The chronic toxicity tests were performed with the oligochaete T. tubifex at salinities 
of 0 and 3 psu; the amphipod O. gammarellus was used when salinities of 3 and 10 
psu were applied. Endpoints monitored in these tests include metal accumulation, 
growth and reproduction. All bioassays were conducted in a 20 ± 1 °C acclimatised 
room and a 16:8 light-dark cycle. After homogenisation of the substrate samples, the 
wet equivalent of 100 g dry weight was transferred to the test vessels.  
A detailed description of the test performed with T. tubifex can be found in 
Speelmans et al. (submitted). Ten sexually mature specimens of T. tubifex, obtained 
from a healthy culture maintained in our laboratory, were exposed to the substrates 
differing in salinity of the overlying water (0 and 3 psu). Survival, reproduction, growth 
and metal concentrations were determined after 28 days of exposure. As additional 
food source, grounded Tetramin© fish flakes were provided three times a week at a 
rate of 200 µg/individual.  
As the amphipod O. gammarellus has a semi-terrestrial life style, toxicity tests were 
performed in terrestrial conditions. The moisture content of the wet equivalent of 100 
g dry weight was adjusted (by adding water or by allowing evaporation of excess 
water) to the maximal water retention capacity of the substrates. Before each test, 
amphipods were acclimated for one week to the salinity used in the test. Five 
amphipods were added to each test vessel, and fed ad libidum with decaying brown 
algae (Fucus vesiculosus) collected in the Yzermonding, Nieuwpoort. The moisture 
level of the substrates was adjusted once a week by adding deionised water. 



Project EV/32 - “Changes in metal biogeochemistry resulting from wetland creation: bioavailability, toxicity and risk” 
 

SPSD II - Part 2 - Global change, Ecosystems and Biodiversity – Biodiversity 13 

3.1.2 Sampling 
Undisturbed core samples were taken every six months with a liner sampler 
(04.15.SB, Eijkelkamp, Giesbeek, NL). In the duplicate barrel, the temperature and 
redox potential (ORP) measurements were performed and pore water was extracted 
at three different depths: 20, 40 and 60 cm below the soil surface. At each of the 
three depths, three Rhizon MOM soil moisture samplers (Eijkelkamp, Giesbeek, NL) 
were horizontally installed to extract the soil solution in vacuum tubes over a porous 
filter compartment with a pore size of 0.1 µm. The pore size of 0.1 µm is operationally 
chosen to extract metals which can be considered as available for plant uptake. Pore 
water samples were taken each two weeks during a two year period (2004-2005). 
For the toxicity tests, the upper 10 cm of the substrates was sampled with a plastic 
scoop. If flooded, substrates were directly covered with a layer of the corresponding 
overlying water to avoid contact with the air. Covering the samples with water 
prevents oxidation of the substrates and associated sulphides (if present). 

3.1.3 Measurements and analysis 

3.1.3.1 Soil characteristics 
The soil samples were dried and ground. The dry matter content was determined by 
measuring the weight loss after drying the samples in the oven (2 h at 105°C). The 
pH was measured in a 1:5 sediment/deionised water suspension after equilibration 
for 18 h (Van Ranst et al., 1999). The conductivity was measured in the filtrate of a 
1:5 sediment/deionised water suspension, shaken for 30 min (Van Ranst et al., 
1999). The organic matter content was determined by measuring the weight loss 
after incineration of oven-dried samples (2 h at 450°C). The carbonate content was 
determined by back-titration (with 0.5 M NaOH) of an excess 0.25 M H2SO4 added to 
1 g of sediment. The cation exchange capacity was measured by percolation of 150 
ml of 1 M NH4OAc through a percolation tube filled with a mixture of 5 g of sediment 
and 35 g of quartz sand, followed by washing through the excess with 300 ml of 
denatured ethanol. The exchangeable ammonium ions were then eluted with 500 ml 
of 1 M KCl and analysed in the percolate by means of steam distillation (Tecator 
Kjeltec System 1002 distilling unit). The exchangeable cations were also analysed in 
this percolate using ICP-OES (Varian Vista MPX, Varian, Palo Alto, CA) (Van Ranst 
et al., 1999). Pseudo-total Cd, Cr, Cu, Fe, Mn, Ni, Pb and Zn contents were 
determined by aqua regia extraction (Ure, 1990). The metal content in the extracts 
was analysed using ICP-OES. Acid volatile sulphur (AVS) was determined by 
reduction of sulphur to H2S and capitation in a Zn-acetate solution, followed by a 
back titration. This method is described by Tack et al. (1997). Chlorides were 
determined by potentiometric titration with AgNO3 (Van Ranst et al., 1999). For the 
texture analysis the dried samples were pre-treated. This consisted out of the 
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removal of organic matter with H2O2 and the removal of CaCO3 with an acetate buffer 
solution. The samples were then rinsed three times by decantation after 
sedimentation. After the addition of a dispersion agent, the samples were stirred for 
four hours. The texture of the soil samples was determined by laser diffraction 
(Coulter LS200, Miami, FL). The clay fraction is in this method defined by the 0-6 µm 
fraction, because this fraction showed the highest correlation with the 0-2 µm 
fraction, determined with the classic pipette method, except for soil samples with a 
clay content higher than 50 % (Vandecasteele & De Vos, 2001). The maximum clay 
content in the measured samples did not exceed values of 50 %. The sand fraction is 
determined by the > 50 µm fraction.  

3.1.3.2 Temperature and ORP 
The temperature was measured with a temperature probe (HI 7669/2W), 
permanently installed at the same three depths of the rhizon soil moisture sampling 
sets and connected to a HI 9025 microprocessor pH/ORP meter. The ORP was 
measured with a combined platina and gel reference electrode (HI 3090 B/5) that 
was permanently installed in each barrel at the same depths of the temperature 
measurements and the pore water extractions. The electrodes were connected to the 
previous mentioned pH/ORP meter. The measured value was corrected compared to 
the Standard Hydrogen Electrode by adding the difference of the measurement of the 
ORP in a ZoBells solution (0.033 M K3Fe(CN)6 and 0.033 M K4Fe(CN)6 in 0.1 M KCl) 
with the theoretical value of + 428 mV. 

3.1.3.3 Pore water characteristics 
Collected pore water samples were acidified and all samples of each depth were 
poured together in a polystyrene flask awaiting analysis. The pore water samples 
were analysed for Cd, Cr, Cu, Fe, Mn, Ni, Pb and Zn contents using ICP-OES. 
Concentrations of Cd, Cr, Cu, Ni and Pb in the pore water of the treatment flooded 
with the fresh flooding water that were below the determination limit, were 
determined using GF-AAS (SpectrAA-800/GTA-100, Varian, Palo Alto, CA). The pore 
water samples were diluted 50 times with CsCl2 to determine Na, K, Ca and Mg 
concentrations using ICP-OES. After one year the pore water samples were 
alternately measured for metal content and for TOC, anions and pH. The TOC 
content was determined in fresh samples with a Total Organic Carbon Analyser 
(model TOC-5000, Shimadzu Corporation, Tokyo, Japan). The anions were 
determined using a Metrohm 761 Compact IC with a 788 IC filtration sample 
processor (Herisau, Switzerland) and the pH was measured using a pH-electrode 
(Orion model 520 A). 
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3.1.3.4 Reed plants 
During the harvest of the reed plants the number of stems in each barrel was 
counted. Reed plants were weighed, stem thickness and height of the plants were 
measured and the number of leaves or nodes was counted. The dry weight of the 
reed plants and the biomass production were determined after drying (50 °C, 48h). 
Six plants were randomly selected for metal analysis. An overnight destruction with 
nitric acid and H2O2 (Du Laing, 2003) was used to destruct the plant material. Cd, Cr, 
Cu, Ni and Pb were determined with GF-AAS (Graphite Furnace Atomic Absorption 
Spectrometry) (SpectrAA-800/GRA-100). Fe, Mn and Zn were determined with ICP-
OES (Inductive Coupled Plasma-Optical Emission Sprectrometry) (Varian Vista MPX, 
Varian, Palo Alto, CA). 
Photosynthetic pigment content was determined spectrophotometrically as described 
by Wellburn (1994). Five plants per treatment were sampled in July and September 
2004. From each plant two leaves were sampled, a young leaf (the second leaf) and 
an older leaf (the seventh leaf). Chlorophyll fluorescence was determined as a 
measure for physiological stress. It is based on the fact that when chlorophyll 
molecules absorb light, the electrons are temporarily boosted to a higher energy 
level. The absorbed energy can be re-emitted almost instantaneously as light energy 
of a longer wavelength, a phenomenon known as fluorescence. The amount of 
energy transmitted as fluorescence is inversely proportional to the rate of the 
photosynthetic activity. Based on this relation the measurement of chlorophyll a 
fluorescence can provide information on the physiological status of the plant. One of 
the most important parameters is the maximum quantum yield (variable 
fluorescence/maximum fluorescence: Fv/Fm). Fv/Fm is relatively constant in most plant 
species when measured under non-stressed conditions and equals 0.832 ± 0.004). 
Plants which are grown under stressing environmental conditions (e.g. metal stress, 
drought stress...) show remarkable lower Fv/Fm values (Rohacek, 2002). Sampling 
was conducted in the same way as for photosynthetic pigment content, 
measurements were performed by using a Plant Efficiency Analyser (PEA, 
Hansatech, Ltd, King’s Lynn, Norfolk, UK).  
Metal phytotoxicity is considered to result in oxidative stress (Cuypers et al. 1999). 
Elements such as Cu produce several reactive oxygen species; lipid peroxidation 
products and hydrogen peroxide can accumulate in plant tissues after exposure to 
metals. The increased activity of these enzymes caused by toxic amounts of metals 
is often a defence against metal induced oxidative stress (Koppenol, 1994; Weckx & 
Clijsters, 1997). Quantification of five enzymes (e.g. guiacol peroxidase (GPOD), 
malic enzyme (ME), ascorbate peroxidase (APOD), gluthation reductase (GR) and 
isocitraat dehydrogenase (ICDH)) was used to assess the stress status of the plant. 
Measurements of these enzymes were performed by the Centre for Environmental 
Science, Universiteit Hasselt, Diepenbeek as described in Van Assche et al. (1988) 
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and Van Assche & Clijsters (1990). Leaf samples for stress enzymes were taken in 
September 2004 and only the C and L substrate were sampled. Samples for stress-
enzymes were taken from the first, third and the fourth leaf. When the first leaf was 
too small to take samples, the fifth leaf was used. Enzymatic activities are expressed 
as mU per sampled surface area. One unit (U) corresponds to the amount of 
substrate transformed by the enzyme in one minute at 30°C.  

3.1.3.5 Invertebrates 
 Tubifex tubifex 

After 28 days, surviving organisms were retrieved by sieving over a 250 µm sieve. 
The cocoons and juveniles were transferred to a clean glass vessel to which 70 % 
alcohol and a few drops of Bengal red were added. Cocoons and juveniles were 
counted using a stereomicroscope. All surviving adults per replicate were placed in 
clean medium with a salinity corresponding to that of the treatment. After 24h of gut 
clearance, 5 individuals per replicate were pooled for metal analysis, rinsed in clean 
medium, dried to constant weight at 60°C and weighed with an analytical balance (± 
0.01 mg). The remaining individuals were blotted dry with filter paper, weighed (± 
0.01 mg), shock frozen in liquid nitrogen and stored at -80°C. 

 Orchestia gammarellus 
After 42 days of exposure, surviving amphipods were recollected and placed on filter 
paper moisturised with clean medium with a salinity corresponding to that of the 
treatment. After 24h of gut clearance 3 individuals per replicate were kept separate 
for metal analysis, rinsed with clean medium, dried to constant weight at 60°C and 
weighed with an analytical balance (± 0.01 mg). Remaining organisms were blotted 
dry, shock frozen in liquid nitrogen and stored at – 80°C. For the determination of 
total Zn and Cu concentrations, dried samples were digested in 1.5 ml of 14 M HNO3 
with the aid of a microwave oven (4 min at 90 W, 6 min at 160 W, 4.5 min at 350 W). 
Every batch of samples included a blank (no organisms) and a certified reference 
(CRM 278R, mussel tissue, Community Bureau of Reference, Brussels, Belgium) for 
quality control. After cooling to room temperature, the digested samples were diluted 
with 8.5 ml of double distilled water. Zn was measured by ICP-OES (Varian, Vista 
MPX, Palo Alto, CA), Cu was analysed by graphite furnace atomic absorption 
spectrometry (GF-AAS, Varian, SpectrAA-800/GTA-100, Palo Alto, CA). 

3.1.4 Statistics 
All data of the toxicity tests were analysed by means of general linear models (GLM) 
as normality and homoscedasticity assumptions were met. Results of the laboratory 
bioassays are expressed as the ratio of the values obtained in the treatment to that of 
the control sediment (OECD). This enabled to correct for life cycle variation in the 
measured parameters. As no data were available for one treatment combination in 
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the T. tubifex tests (C, 6 months of inundation at 0 psu), Type IV sums of squares 
were used to test the hypotheses of interest. For T. tubifex growth, all parameters for 
O. gammarellus and reed (photosynthetic pigment content, Fv/Fm and stress 
enzymes) data for each treatment combination consisted on multiple measurements 
taken on replicate samples, which cause multiple error terms to enter into the 
statistical model. Therefore, general linear mixed models (GLMM) were fitted to the 
data in which replicates were treated as a random factor, nested within treatment 
combination. Standard errors were adjusted with the Tukey procedure if post-hoc pair 
wise comparisons were made among treatment means. Analyses were run with the 
procedures GLM and MIXED in SAS v. 9.1.3. 

3.2 Results 

3.2.1 Soil characteristics 
The texture of the three soils differed only slightly. The texture of soil N was 48 ± 2 % 
clay, 34 ± 1 % loam and 18 ± 2 % sand (n=2). Soil C consisted of 46 ± 2 % clay, 53 ± 
1 % loam and 1 ± 1 % sand (n=2). The variation in the soil texture of L was much 
larger: 36 ± 7 % clay, 48 ± 11 % loam and 16 ± 17 % sand. Most of the soil 
characteristics did not change during the course of the experiment and did not vary 
between the different depths. Therefore, for those characteristics, only summary 
statistics are given below (Table 1 and Table 2). 
 

Table 1: Average values (av) and standard deviations (sd, n=6) of the soil characteristics  
of the different soils 

 pH OM EC CaCO3 CEC 
    (%) (mS.cm-1) (%) (meq NH4+.100g-1) 
 av  sd av  sd av  sd av  sd av  sd 
N 5.5 ± 1.7 6.1 ± 1.0 3.1 ± 0.4 0.2 ± 0.3 16.6 ± 1.8 
C 7.5 ± 0.1 10.0 ± 0.9 0.6 ± 0.5 4.5 ± 0.3 25.8 ± 1.2 
L 7.7 ± 0.2 8.9 ± 0.5 1.0 ± 0.5 5.4 ± 0.5 16.1 ± 0.8 

 
The metal content of the three soils is given in Table 2. Soil N has a much lower 
metal content than the other two soils. The values are below or just above the 
background value for Flemish soils (Vlarebo, 1996). The values of soil C and L are all 
much higher than the background value. For Cd, the sanitation level for nature areas 
(type I and II) is exceeded.  
 

Table 2: Average values (av) and standard deviations (sd, n=6) of the metal content  
(mg.kg-1 DM) of the three different soils 

 Cd Cr Cu Fe Mn 
 av   sd av   sd av  sd av  sd av   sd 
N 0.10 ± 0.09 61 ± 5 15 ± 2 27099 ± 2112 94 ± 33 
C 8.31 ± 0.44 169 ± 4 91 ± 2 35824 ± 944 1178 ± 27 
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L 5.15 ± 0.41 85 ± 15 136 ± 95 25121 ± 1687 375 ± 28 
 Ni Pb Zn Ca Al 
 av   sd av   sd av  sd av  sd av   sd 
N 31 ± 3 15 ± 2 60 ± 5 6349 ± 969 19120 ± 3476 
C 32 ± 1 192 ± 32 655 ± 20 23786 ± 1045 21724 ± 2065 
L 48 ± 8 150 ± 18 651 ± 49 30276 ± 4357 15128 ± 1495 

 
The difference in the chloride content between the different soils was smaller than 
the difference between the treatments since the soils were flooded with water of 
different salinities. Before flooding the soil, only measurable amounts of chlorides 
could be detected in soil L (26 ± 8 mg Cl-.kg-1 DM). After flooding the soil with water 
of 10, 3 and 0 psu, the chlorides were 960 ± 598 mg Cl-.kg-1 DM (n=24) in the most 
saline treatment, 314 ± 209 mg Cl-.kg-1 DM (n=33) in the brackish treatment and 48 ± 
57 mg Cl-.kg-1 DM (n=24) in the treatment flooded with fresh water.  
The only soil where detectable amounts of sulphides were present throughout the 
whole experiment was soil L. The amount of sulphides measured is shown in Figure 
1. This soil was already reduced from the beginning of the test. After one year (nine 
months of oxidation) the sulphide content of the top layer already decreased in every 
treatment. During the second year (after 20 months of oxidation) the sulphide content 
also decreased in the deeper layers. 
 

 
Figure 1: Sulphide content (g S2-.kg-1 DM) of soil L for the different treatments (salinity of 

flooding water: S = 10 psu, B = 3 psu, F = 0 psu; hydrological regime: P = 
permanently flooded, R = drying after a short flooded period) represented by mean 
± sd (n=3) 

 
The sequential extraction procedure was performed on the three soils, but only for 
soil C and L the recoveries were good (Table 3). The metal content of soil N was too 
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low to allow a reliable sequential extraction. Because of the bad recoveries for soil N, 
only the sequential extraction results for soil C and L are shown in Figure 2. The 
differences in the metal fractions between the three depths were minimal, except for 
Fe in soil L after a 200 day drying period. Also no clear differences were found 
between the treatments with different salinities of the flooding water. The results 
shown in Figure 2 are averages of the different depths and salinities. Pb and Cr show 
very little differences between the different treatments. For the other elements, the 
largest differences are observed between the two soil types (C and L) and between 
the two different hydrological regimes (P and R) of soil C.  
Table 3: Average (n = 14) recoveries (%) of the metals in the sequential extraction procedure 
 

  N C L 
Cd 3051 ± 8990 99 ± 17 85 ± 18 
Cr 67 ± 11 97 ± 14 74 ± 20 
Cu 178 ± 130 104 ± 13 88 ± 26 
Fe 94 ± 41 98 ± 11 97 ± 16 
Mn 255 ± 528 106 ± 14 107 ± 29 
Ni 217 ± 381 111 ± 11 85 ± 19 
Pb 145 ± 109 104 ± 19 109 ± 26 
Zn 256 ± 549 114 ± 16 114 ± 27 

 
When looking at the differences between the soil types (C versus L), Ni, Fe and Mn 
show the same pattern. The acid extractable fraction is larger for those elements in 
soil L than in soil C at the expense of the reducible fraction. For Ni, the residual 
fraction in soil L is also smaller than in soil C and the oxidizable fraction is larger. 
Similar observations are made for Zn, while for Cd and Cu, the differences between 
the soils lie in the larger acid extractable and reducible fraction in soil C than in soil L, 
while the residual fraction is more or less the same.  
When looking at the differences between the hydrological regimes (P versus R), it is 
obvious that the hydrological regime is not causing a significant change in the metal 
fractionation for soil L, except for Fe in the upper soil layer. This upper soil layer 
shows a smaller acid extractable Fe fraction in favour of the reducible fraction. For 
soil C, the differences between the regimes are more visible, except for Cu which 
shows no clear differences. For Cd on the other hand, the reducible fraction is 
smaller and the oxidizable fraction increases when the soil is flooded for extended 
periods. For Zn, it is the acid extractable fraction that increases at the expense of the 
reducible fraction. Fe, Mn, and Ni again show similar a pattern. When flooded, the 
acid extractable fraction increases and the reducible fraction decreases. 
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3.2.2 Temperature and ORP 
The temperature of the soil at the different depths was similar. Figure 3 shows the 
average temperature (separate dots) and the normal Kernel smoothing plot of the 
average soil temperature. This curve shows a minimum of 5 °C in winter and a 
maximum of 20 °C in summer. 
 

 
Figure 3: Average soil temperature (°C) during the course of the experiment with the normal 

Kernel smoothing plot (band width = 100 days) 
 
The ORP of the different treatments at the different depths is shown in Figure 4. Soils 
N and C are oxidised in the beginning of the experiment, while soil L is strongly 
reduced. For the treatments that were not permanently flooded, the ORP increased 
during the dry periods (day 80-280 and day 480-680) in the top layers and at a later 
stage also in the deeper layers. The maximum value was higher for soil N than for 
soil C. The effect of the addition of water to simulate the rainfall during the first dry 
period is also visible in the ORP fluctuation. A strong decrease in the amount of 
water that was added in the second period does not lead to any visible fluctuations in 
the second dry period. The ORP of soil L starts to rise when the volume of the added 
water was reduced (day 280). Deeper layers of soil are being oxidised later. For the 
permanently flooded treatments, the ORP decreases or stays low for every 
treatment. The ORP of soil C decreases faster than that of soil N. The ORP at the 
end of the experiment of soil C reaches lower values than that of soil N. It is however 
comparable to the ORP of soil L, which stays fairly constant throughout the course of 
the experiment. 



Project EV/32 - “Changes in metal biogeochemistry resulting from wetland creation: bioavailability, toxicity and risk” 
 

SPSD II - Part 2 - Global change, Ecosystems and Biodiversity – Biodiversity 22 

Fi
gu

re
 4

: 
O

R
P 

(m
V)

 in
 s

oi
ls

 N
, C

 a
nd

 L
 a

t t
hr

ee
 d

ep
th

s 
(-2

0,
 -4

0 
an

d 
-6

0 
cm

), 
fo

r 
th

re
e 

sa
lin

iti
es

 (0
, 3

 a
nd

 1
0 

ps
u)

 a
nd

 w
ith

 tw
o 

hy
dr

ol
og

ic
al

 
re

gi
m

es
 (P

: p
er

m
an

en
tly

 fl
oo

de
d,

 R
: f

or
 N

 a
nd

 C
: f

lo
od

ed
 e

xc
ep

t f
ro

m
 d

ay
 8

0-
28

0 
an

d 
fr

om
 4

80
-6

80
, f

or
 L

: f
lo

od
ed

 d
ur

in
g 

th
e 

fir
st

 
80

 d
ay

s,
 s

m
al

l r
 d

en
ot

es
 a

 tr
ea

tm
en

t p
la

nt
ed

 w
ith

 re
ed

) 

 



Project EV/32 - “Changes in metal biogeochemistry resulting from wetland creation: bioavailability, toxicity and risk” 
 

SPSD II - Part 2 - Global change, Ecosystems and Biodiversity – Biodiversity 23 

3.2.3 Pore water characteristics 
In Figure 5 to Figure 10 the metal pore water concentrations which were not below 
the detection limits are presented. Those detection limits were higher for the 
treatments flooded with water of 10 and 3 psu, due to the high salt concentration. Pb 
is below the detection limit at every time, in the pore water of every treatment. The 
metal pore water concentration is the highest in soil N, although the total metal 
content is the lowest. Soil L shows the lowest pore metal concentrations. There is no 
clear relationship between the pore metal concentration and the depth for the 
treatments that were permanently flooded. Changes induced by the alterations in the 
hydrological regime were first visible in the upper layers of the soil. Metal pore water 
concentrations of soil L are all very low in the beginning of the experiment and do not 
change when the soil stays flooded or when the soil is set dry with a regular addition 
of small water amounts, equal to the average amount of rainfall in Belgium. The only 
changes occur in regime R at day 280, when the amount of added water is drastically 
reduced. The concentrations of all the measured elements, except Cr, start to rise in 
the upper layers and later on also in the deeper layers. In soil C, which was oxidised 
in the beginning, the metal pore water concentration of Fe, Mn, Ni and Cr increases 
in the treatments that are permanently flooded, while that of Cd, Cu and Zn 
decreases. In the alternating regime R, the opposite is observed during the dry 
periods. Although during the first dry period the concentration of the metals did not 
differ that much compared to the second dry period (when a lower amount of water 
was added to simulate rainfall). For soil N, the differences between the different 
depths and the different treatments are larger. The pore water metal concentrations 
of soil N did not show the same pattern as soil C, although both soils were oxidised in 
the beginning. There was no clear relationship between the changes in the 
hydrological regime and the pore water metal concentration. There was no influence 
of the reed on the pore metal concentration, except for Fe in soil L. In the growing 
season of the reed plants, the Fe concentration increased in the pore water of the 
upper soil layer. The amount of sulphides also decreased in that upper layer, in the 
second year of the experiment. This could indicate that Fe sulphides are being 
oxidised. In the second year of the experiment, not only the soil pH, but also the pH 
of the pore water was measured, along with anions and TOC in the pore water of the 
soils which were flooded with fresh water (0 psu). In Figure 11, the pH of the pore 
water is shown for all the treatments. Large variations were observed for soil N. The 
pH ranged from 2 to 6, depending on the depth. The pH stayed fairly constant in that 
soil, irrespective of the hydrological regime or treatment. The pH of the pore water of 
soil C showed less variability. When the soil was permanently flooded, the pH of the 
pore water fluctuated around 7. A slight increase was measured when the soil was 
set dry. The pH of soil L was the highest (between 7 and 8) and stayed relatively 
constant.  
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In Figure 13, the chloride, nitrate and sulphate concentrations of the pore waters are 
shown. There was no relationship between the chloride concentration and the depth 
or the hydrological regime. The chloride concentration was the lowest in soil L, and 
the highest in soil N and C and was fairly constant throughout the year. The nitrate 
concentration did show differences between the hydrological regimes. In the upper 
layer of soil C and L, the nitrate concentration increased when the soil was not 
flooded. In soil N, the nitrates fluctuated around the detection limit (20 or 40 mg.L-1, 
depending on the dilution factor). Sulphate concentration was the highest in the pore 
water of soil N and reached similar values in the pore water of the upper layer of soil 
L when it was being dried. In the pore water of soil C, the sulphate concentration also 
increased when the soil was being dried. Soils C and L show similar TOC 
concentrations (Figure 12), but the variability is high. In soil N, the TOC concentration 
is the lowest. No clear relationships are observed between TOC and depth or 
hydrological regime. 

 
Figure 12: TOC concentration in the pore water in soil N, C and L at three depths (-20, -40 and -

60 cm), for one salinity (0 psu) and with two hydrological regimes (P: permanently 
flooded, R: for N and C: flooded except from day 80-280 and from 480-680, for L: 

flooded during the first 80 days) 
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3.2.4 Reed plants 
The reed plants that grew on different soils show in both growing seasons large 
differences (Table 4). The plants that grew on soil N were the smallest, had the 
smallest diameter and lowest productivity and density in both growing seasons (p < 
0.05). The plants grown in soil L were the longest, thickest and were the most 
productive and had the highest shoot density (p < 0.05), although the length did not 
differ significantly in the first growing season from that of the plants that grew in soil 
C. 
 

Table 4: Reed biomass characteristics of two growing seasons. Small letters denote 
homogeneous subsets of the reed characteristic within one year  

(Tuckey post-hoc test) 

 N  C  L  

 2004  

Length stems (m) 0.43 ± 0.19 a 1.16 ± 0.19 b 1.41 ± 0.27 b

Diameter stems (mm) 2.0 ± 0.6 a 4.1 ± 0.6 b 5.6 ± 1.3 c

Productivity (kg DM/m²) 0.20 - 0.23  2.14 - 3.05  8.32 - 8.85  

Shoot density (# stems/m²) 676  2149  2531  

  2005  

Length stems (m) 0.70 ± 0.15 a 1.50 ± 0.22 b 1.70 ± 0.20 c

Diameter stems (mm) 2.2 ± 0.3 a 3.6 ± 0.9 b 5.1 ± 1.0 c

Productivity (kg DM/m²) 0.25 - 0.30  3.04 - 3.07  11.81 - 14.02  

Shoot density (# stems/m²) 525  1771  3302  

 
The differences between the metal concentrations in the reed plants that grew on the 
different soils are shown in Table 5. The small letters denote homogeneous subsets 
within one year. Comparison of the metal concentrations between the two growing 
seasons showed that the metal concentrations in the leaves and stem of the reed are 
all lower in 2005 than in 2004, except for Zn. These differences are significant 
(p<0.05) for Al, Cr, Cu and Fe (for leaf and stem tissue), and also for the Cd 
concentration in the leaves. If the metal concentrations between the plant tissues are 
compared, metal concentrations in the leaves are higher (p<0.05) than in the stem 
tissue, except for Zn.  
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Table 5: Metal content (mg.kg-1 DM) of reed leaves and stem in two subsequent growing 
seasons. Small letters denote homogeneous subsets of the metal content  

within one year (Tuckey post-hoc test) 
 

  2004  

  N C L 
LEAF Cd 0.11 ± 0.02 a 0.05 ± 0.01 ab 0.07 ± 0.02 b

 Cr 4.3 ± 0.4 a 3.1 ± 0.4 b 2.1 ± 0.3 c

 Cu 2.5 ± 0.2 a 3.8 ± 0.3 b 4.2 ± 0.3 b

 Fe 201 ± 19 a 118 ± 17 b 176 ± 27 a

 Mn 268 ± 58 a 471 ± 118 a 277 ± 69 a

 Ni 1.6 ± 0.2 a 0.7 ± 0.2 b 0.5 ± 0.1 b

 Pb 1.5 ± 0.4 a 1.3 ± 0.3 a 1 ± 0.2 a

 Zn 16 ± 1 a 20 ± 6 a 26 ± 6 a

 Al 53 ± 7 a 36 ± 8 a 41 ± 8 a

              
STEM Cd 0.04 ± 0.02 a 0.06 ± 0.03 a 0.01 ± 0 a

 Cr 2.4 ± 0.4 a 1.8 ± 0.1 b 1.5 ± 0.2 b

 Cu 3.8 ± 0.2 a 3.7 ± 0.6 a 1.3 ± 0.2 b

 Fe 74 ± 19 a 30 ± 3 b 39 ± 9 b

 Mn 101 ± 58 ab 139 ± 32 a 64 ± 38 b

 Ni 1.5 ± 0.2 a 0.3 ± 0 b 0.4 ± 0.1 b

 Pb 1 ± 0.4 a 0.5 ± 0.2 b 0.5 ± 0.2 b

 Zn 30 ± 1 a 17 ± 3 a 28 ± 11 a

 Al 18 ± 7 a 8 ± 2 b 7 ± 2 b

  2005 
    N C L 
LEAF Cd 0.07 ± 0.01 a 0.05 ± 0.02 a 0.04 ± 0.01 b

 Cr 1.5 ± 0.2 a 1.3 ± 0.4 a 1.2 ± 0.4 a

 Cu 2.9 ± 0.7 a 3 ± 0.5 a 2.7 ± 0.5 a

 Fe 222 ± 66 a 75 ± 19 b 87 ± 20 b

 Mn 238 ± 73 a 461 ± 244 b 233 ± 74 a

 Ni 1.3 ± 0.2 a 0.7 ± 0.2 b 0.7 ± 0.3 b

 Pb 1.9 ± 0.6 a 1 ± 0.7 b 0.5 ± 0.2 c

 Zn 23 ± 5 a 20 ± 7 a 26 ± 10 a

 Al 53 ± 8 a 25 ± 10 b 24 ± 7 b

              
STEM Cd 0.02 ± 0.01 a 0.03 ± 0.02 b 0.02 ± 0.01 a

 Cr 1.2 ± 0.2 a 0.9 ± 0.3 a 0.8 ± 0.4 a

 Cu 1.6 ± 0.9 a 1.8 ± 1.2 a 0.8 ± 1.2 a

 Fe 70 ± 20 a 17 ± 4 b 22 ± 10 b

 Mn 58 ± 11 a 55 ± 29 a 20 ± 9 b

 Ni 1.4 ± 0.6 a 0.4 ± 0.2 b 0.6 ± 0.3 b

 Pb 0.3 ± 0.1 a 0.2 ± 0.1 b 0.2 ± 0.1 b

 Zn 33 ± 9 a 34 ± 17 a 38 ± 22 a

  Al 8 ± 2 a 5 ± 1 b 5 ± 3 b
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Substrate type is the main factor that explains observed differences in chl a content 
(substrate effect, p<0.001). Plants grown on the uncontaminated clay soil (N) have a 
significantly lower content of this pigment (1164.2 ± 116.8 µg/g fresh weight) 
compared to the contaminated upland soil (C) (1985.3 ± 106.1 µg/g fresh weight) and 
the contaminated dredged sediment (L) (1940.3 ± 104.1 µg/g fresh weight) (Figure 
14). Younger leaves have on average a higher chl a content than older leaves (leaf 
effect, p<0.05). Date of sampling and all possible interactions between substrate 
type, leaf and date of sampling were not significant (pall>0.17). Substrate type exerted 
a similar effect on the chl b content of the leaves (substrate effect, p<0.001). The 
amount of chl b in reed on the clay soil was almost 50 % of the amount measured in 
the other two substrates (N: 346.1 ± 42.8 compared to C: 611.4 ± 38.3 and L: 656.7 ± 
37.6 µg/g fresh weight). Leave age, date of sampling and all the interactions between 
the factors were not significant (pall>0.11). 
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Figure 14: Chlorophyll a content of a young leaf (leaf a) and an older leaf (leaf b) of 

Phragmites australis grown on different substrates (N, C and L).  
Data are presented as mean ± SE 

 
Carotenoid content was only related to sampling time (date effect, p<0.001), with the 
highest values noted in September (296.4 ± 11.6 µg/g fresh weight compared to July 
values of 213.6 ± 15.8 µg/g fresh weight). Substrate type, leave age and all 
interactions were not significant (pall>0.09). 
Fluorescence values were influenced by substrate type. On average the lowest 
values were noted in the uncontaminated clay soil (N) (substrate effect, p<0.05). 
Average values of Fv/Fm were lower in leaf b (leaf effect, p<0.01) (Figure 15). 
Substrate type and leaf interact indicating that the quantum yield in each leaf is 
differently affected by substrate type (substrate*leaf interaction, p<0.01). Fv/Fm shows 
similar values in the younger (leaf a) and the older leaf (leaf b) for the C and the L 
substrates, but fluorescence values measured for leaf b in the N substrate are 
significantly lower than those in leaf a. All the other effects and interactions were not 
significant (pall>0.06). No significant effects on leaf enzyme activity between plants 
grown on the different substrates were noted. 
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Figure 15: Chlorophyll a fluorescence measured in a young leaf (leaf a) and an older leaf (leaf 

b) of Phragmites australis grown on different substrates (N, C and L).  
Data are presented as mean ± SE 

3.2.5 Invertebrates 
 Tubifex tubifex 

In the permanently flooded treatments (P) the Zn body burdens were on average 
significantly lower after a prolonged period of inundation (inundation effect, p<0.001), 
and a lower salinity (salinity effect, p<0.05), and were lower in L compared to C 
(substrate effect, p<0.001) (Figure 16). However, these effects interacted significantly 
with each other, indicating that the effects differed among substrate types and salinity 
treatments. 
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Figure 16: Zn accumulation in Tubifex tubifex in two contaminated substrates (C and L) after 0, 

6 and 12 months of inundation with water of different salinity (0 and 3 psu).  
Data are presented as mean ± SE. m.d. = missing data 

 
Accumulation in each substrate is differently affected by the applied salinity treatment 
(substrate*salinity interaction, p<0.05) and inundation period (substrate*inundation 
interaction, p<0.001). Both factors did not affect Zn accumulation in the L, but 
prolonged inundation period led to a distinct decrease in Zn accumulation in C and 
accumulation was on average higher when brackish water was applied. Salinity and 
inundation period interacted (salinity*inundation interaction, p<0.001), the decline in 
Zn accumulation with prolonged flooding was more pronounced when a higher 
salinity was applied. The three-way interaction between substrate type, salinity and 
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inundation period was not significant (substrate*salinity*inundation interaction, 
p=0.85). 
Results for Cu accumulation were similar to those obtained for Zn. Prolonged 
flooding generally resulted in a decrease of Cu body burdens (inundation effect, 
p<0.001), as did a lower salinity (salinity effect, p<0.01). On average, accumulation in 
the C substrate was about three times higher than in the L substrate (5.03 ± 0.21 
compared to 1.46 ± 0.14) (substrate effect, p<0.001). Moreover, complex interactions 
between substrate type, salinity and inundation were noted. The effect of inundation 
period depended on the substrate type (substrate*inundation interaction, p<0.001). 
For C, a significant decrease in body burden as a function of time was noted: highest 
accumulation was observed in the test conducted before the start of the flooding 
(10.27 ± 0.27) and this was significantly higher than the results obtained after 6 and 
12 months of permanent inundation (1.90 ± 0.52 and 2.93 ± 0.24, respectively). In the 
upland soil, Cu accumulation was slightly, but significantly, higher in the 3 psu 
treatments. The dredged sediment, on the other hand, was not affected by salinity 
(substrate*salinity interaction, p<0.001). The interactions between inundation and 
salinity; substrate, salinity and inundation period were not significant 
(inundation*substrate*soil interaction, pall>0.9).  
The weight of the retrieved animals depended on substrate type (substrate effect, 
p<0.001) and inundation period (inundation effect, p<0.05) (Figure 17). On average, 
animals collected from the substrates before the start of the flooding treatment were 
larger (1.76 ± 0.11) than animals retrieved from the substrates that had been 
inundated for 6 and 12 months (respectively 1.21 ± 0.14 and 1.51 ± 0.12). In addition, 
individuals retrieved from the sediment (1.93 ± 0.10) weighed significantly more than 
animals maintained in the upland soil (1.07 ± 0.10). Inundation time and salinity 
interacted (salinity*inundation interaction, p<0.01): a decrease in growth was 
observed in the 0 psu treatments, while growth in the 3 psu treatments showed a 
slight increase. Each substrate type seemed to react differently to the prolonged 
inundation period (substrate*inundation interaction, p<0.05). Salinity, the interaction 
between substrate and salinity and the three-way interaction between substrate, 
salinity and inundation period were not significant (substrate*inundation*salinity 
interaction, pall>0.13). In conclusion, growth in the 0 psu treatments seems to be 
negatively affected by inundation time, which was the most obvious in the dredged 
sediment. An opposite but less clear trend was observed in the 3 psu treatments. 
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Figure 17: Growth of the oligochaete Tubifex tubifex in two contaminated substrates (C and L) 

after 0, 6 and 12 months of inundation with water of different salinity (0 and 3 psu). 
Data are presented as mean ± SE 

 
Regarding cocoon production, no general trend could be detected in the treatments. 
The influence of inundation time on reproduction depended on the applied salinity 
and substrate type (inundation*substrate*salinity interaction, p<0.001). Cocoon 
production was significantly lower in C (1.02 ± 0.03) compared to L (1.24 ± 0.03) (soil 
effect, p<0.001). In general, a higher salinity had a negative effect on cocoon 
production (salinity effect, p<0.01). A longer inundation period resulted on average in 
a lower cocoon production (inundation effect, p<0.01). Moreover, cocoon production 
showed a significant decrease in L with prolonged inundation period (soil* inundation 
interaction, p<0.05). With prolonged inundation a significant decrease in cocoon 
production was noted at 0 psu, while no significant differences were observed at 3 
psu (psu*inundation interaction, p<0.01). The interaction between substrate and 
salinity was not significant (substrate*salinity interaction, p>0.07). 
Results from the bioassay with the substrates subjected to the summer dry/winter wet 
regime were compared to the results of the test conducted with the substrates which 
had been permanently flooded during 12 months. Zn body burdens were significantly 
lower in the L substrate (substrate effect, p<0.001) and in the permanently flooded 
treatment (water regime effect, p<0.001). However, complex interactions were found 
between salinity, substrate type and water regime. Accumulation in each substrate is 
differently affected by salinity (substrate*salinity interaction, p<0.05) and the applied 
water regime (substrate*water regime interaction, p<0.001). In the upland soil 
accumulation was highest in the freshwater treatments while in the dredged sediment 
accumulation was higher in the brackish treatments; however none of these 
differences were significant. The effect of the applied water regime was higher in C; 
the permanently flooded treatments showed on average a 3.4 times lower Zn 
accumulation in C, while in L this was only 1.7. The three way interaction between 
salinity, substrate and applied water regime was significant (substrate*salinity*water 
regime interaction, p<0.01). All but one substrate-salinity combinations react strongly 
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to the different water regimes; the summer dry/winter wet treatment causes 
significantly higher body burdens of Zn. Only L in the 0 psu treatment shows no 
reaction to this treatment. Salinity, and the interaction between salinity and water 
regime were not significant (pall>0.054). 
Average Cu body burdens were significantly lower in the freshwater treatment 
(salinity effect, p<0.001), lower in the permanently flooded treatment (water regime 
effect, p<0.001) and lower in the sediment compared to the soil (substrate effect, 
p<0.001) (Figure 18). However, these factors interacted significantly with each other, 
indicating that the effects differed among substrate and salinity treatments. 
Accumulation in each substrate type was differently affected by salinity 
(salinity*substrate interaction, p<0.01). Salinity had significant effects on Cu 
accumulation in both substrates, but this was more pronounced in L. Cu 
accumulation was always higher in the brackish treatments; for L an increase of a 
factor 3.6 when comparing the freshwater and the brackish water treatments was 
noted while in C this was only 1.4. Salinity and the applied water regime interacted 
(salinity*water regime interaction, p<0.001).  
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Figure 18: Cu accumulation in Tubifex tubifex in two contaminated substrates (C and L) after 

12 months of inundation with water of different salinity (0 and 3 psu) and subjected 
to different water regimes (permanently flooded and summer dry/winter wet).  

Data are presented as mean ± SE 
The increase in Cu accumulation was on average more pronounced in the summer 
dry/winter wet regime when a higher salinity was applied. The three way interaction 
between salinity, substrate type and water regime was significant 
(salinity*substrate*water regime interaction, p<0.001). Almost all substrate-salinity 
combinations show strong significant increases in Cu accumulation when comparing 
the permanently flooded and summer dry/winter wet regimes, except the dredged 
sediment in the 0 psu treatment which showed almost no increase in Cu body 
burdens. The interaction between substrate and applied water regime was not 
significant (substrate*water regime interaction, p=0.31).  
On average individuals were larger in the dredged sediment (substrate effect, 
p<0.05) and in the brackish water treatments (salinity effect, p<0.05). Average weight 
did not differ in the summer dry/winter wet regime when a different salinity was 
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applied. On the other hand when the substrates were permanently flooded, average 
weight of the organisms was significantly higher in the brackish treatments (water 
regime*salinity interaction, p<0.05). Applied water regime, the interactions between 
substrate and salinity, substrate and applied water regime and the three way 
interaction between substrate, salinity and water regime were not significant 
(pall>0.76).  
Cocoon production was significantly affected by the applied water regime, with on 
average the highest production in the permanently flooded substrates (water regime 
effect, p<0.001) (Figure 19). Substrate type and applied water regime interacted 
(substrate*water regime interaction, p<0.01). Average cocoon production in the 
upland soil does not seem to be affected by regime type, while production was 
significantly lower in the sediment in the summer dry/winter wet regime when 
compared to the permanently flooded treatment. The three way interaction between 
substrate, salinity and water regime was significant; cocoon production showed no 
significant decreases in C for each salinity-water regime combination.  
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Figure 19: Cocoon production per adult of Tubifex tubifex in two contaminated substrates (C 

and L) after 12 months of inundation with water of different salinity (0 and 3 psu) 
and subjected to different water regimes (permanently flooded and summer 

dry/winter wet). Data are presented as mean ± SE 
 
However, while no decrease in cocoon production was noted for L in the freshwater 
treatments, a significant decrease was noted in the 3 psu treatments when 
comparing the permanently flooded and the summer dry/winter wet regime. 
Substrate type, salinity, the interaction between substrate and salinity, and applied 
water regime and salinity were not significant (pall>0.052). 
 

 Orchestia gammarellus 
For the permanently flooded treatments (P) the Zn body burdens were, on average, 
significantly lower at the start of the flooding treatment (inundation effect, p<0.001) 
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(Figure 20). Inundation and salinity interacted (salinity*inundation interaction, 
p<0.001): in the 3 psu treatments, highest Zn accumulation was observed after 12 
months of permanent flooding; in the saltwater treatments accumulation was higher 
after 6 months of inundation. Salinity, substrate type, the interaction between 
substrate type and salinity, substrate type and inundation period, and the three way 
interaction between salinity, substrate type and inundation period were not significant 
(pall>0.086). 
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Figure 20: Zn accumulation in Orchestia gammarellus in two contaminated substrates (C and 
L) after 0, 6 and 12 months of inundation with water of different salinity (3 and 10 

psu). Data are presented as mean ± SE 
On average, Cu accumulation was lower in the 10 psu treatments and after 6 months 
of flooding (salinity effect, p<0.01; inundation effect, p<0.001). Substrate type, the 
interactions between substrate type and salinity, substrate type and inundation 
period, salinity and inundation period, and the three way interaction between salinity, 
substrate type and inundation were not significant (pall>0.09). Amphipods were on 
average larger in the saltwater treatments (salinity effect, p<0.001) and were larger 
when substrates had been flooded during 6 months (inundation effect, p<0.001). No 
significant effects were found for substrate type, the interaction between substrate 
type and salinity, substrate type and inundation, salinity and inundation, and the three 
way interaction between salinity, inundation period and substrate type (pall>0.07). 
For regime R, the Zn accumulation was on average significantly higher in the 
dredged sediment (L), in the brackish treatments and in the permanently flooded 
substrates (substrate effect, p<0.05; salinity effect, p<0.01 and water regime effect, 
p<0.05). Furthermore, salinity and substrate type interacted: Zn body burdens were 
significantly lower when saltwater was used in the sediment, while accumulation in 
the upland soil did not seem to be affected by the salinity treatments 
(substrate*salinity interaction: p<0.05). All the other interactions were not significant 
(pall>0.08). 
Cu body burdens were significantly higher in the summer dry/winter wet treatments 
(water regime effect, p<0.05) (Figure 21). However, substrate type and applied water 
regime interacted: Cu body burdens in C were significantly higher when subjected to 
the summer dry/winter wet regime; accumulation in L was not affected by applied 
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water regime (water regime*substrate type interaction, p<0.05). All other effects and 
possible interaction types were not significant (pall>0.05). 
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Figure 21: Cu accumulation in Orchestia gammarellus in two contaminated substrates (C and 

L) after 12 months of inundation with water of different salinity (0 and 3 psu) and 
subjected to different water regimes (permanently flooded and summer dry/winter 

wet). Data are presented as mean ± SE 
 
Amphipods were on average larger in the summer dry/winter wet regime (water 
regime effect, p<0.05) (Figure 22). Significant interactions exist between water 
regime, substrate type and salinity. Smallest individuals were retrieved from the 
permanently flooded dredged sediment, growth in the upland substrate was not 
influenced by the applied water regime (water regime*substrate interaction, p<0.05). 
Salinity and water regime interacted: individuals from the permanently flooded 
substrates treated with brackish water were significantly smaller when compared to 
the 3 psu summer dry/winter wet treatment; no differences in growth were observed 
between both water regimes when salt water was used (salinity*water regime 
interaction, p<0.05). The three way interaction was significant (substrate*water 
regime*salinity interaction, p<0.05). No differences in growth were noted for C in 
none of the salinity treatments; on the other hand while L showed no difference in the 
saltwater treatments, an increase in growth was noted in the brackish water 
treatments when comparing the permanently flooded and the summer dry/winter wet 
regimes. All other effects and possible interaction were not significant (pall>0.06). 
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Figure 22: Growth of Orchestia gammarellus in two contaminated substrates (C and L) after 12 

months of inundation with water of different salinity (0 and 3 psu) and subjected to 
different water regimes (permanently flooded and summer dry/winter wet). 

Data are presented as mean ± SE 
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3.3 Discussion 
 
Soil characteristics 
The three soils that were used in the experiment have a similar texture, but differ in a 
few other characteristics. Soil C and L are both contaminated with metals. The total 
metal content of both soils exceeded the background concentrations in Flanders 
(Vlarebo, 1996). The Cd level in soil C exceeded the soil sanitation values for 
agricultural and nature areas. The metal content in soil N was much lower than the 
background concentration for all metals, except for Ni and Cr which were just above 
that value. Metal concentrations and general soil characteristics of soil C, an alluvial 
soil along the Zeeschelde, were within the range observed for operational flood 
control areas in the freshwater part of the Zeeschelde, with average Cd and Zn 
concentrations between 3.7-22.6 and 475-1900 mg.kg-1 dry soil for Cd and Zn 
respectively (Vandecasteele et al., 2004b). Soil N had a rather low CaCO3 content in 
comparison with unpolluted alluvial soils sampled in the same area (Vandecasteele 
et al., 2004b). 
The two contaminated soils differed in ORP status. Soil C is an upland soil that was 
oxidised, while soil L is a reduced dredged sediment. Soil N was selected as an 
uncontaminated control. Due to the previous oxidation of pyrite (FeS2) and the 
absence of a pH buffering agent such as CaCO3, the pH of soil N was very low, 
which made it interesting for studying the effect of the low soil pH on the metal 
mobility. The pH of that soil was not homogenous, which is reflected in the high 
standard deviation of the soil pH (Table 1) and the high variability of the pore water 
pH (Figure 11). The low pH also resulted in a higher conductivity. The other two soils 
showed a high content of CaCO3 and a neutral or slight alkaline pH. The CEC of soil 
C was the highest, due to the high OM content and the low sand content. The high 
variability in the chloride content is due to the differences between the depths, which 
are probably caused by the low permeability. The total Cd, Cu, Pb and Zn 
concentrations were lower in soil N than in the other two soils, but the pore water 
concentrations of all the metals (except Mn) were much higher.  
The low pH of soil N can explain this phenomenon. The metal pore water 
concentrations (Figure 5 to Figure 10) of soil N show much variation between the 
treatments and between the depths. These variations can be coupled to the pore 
water pH (Figure 11). The highest metal concentrations correspond with the lowest 
pH values. The ORP also seems to affect the metal pore water concentration. When 
comparing the two oxidised soils (soil N and C), the effect is clearer in soil C. The 
ORP of soil N reaches in general higher values than in soil C, but that is probably 
due to the pH effect. A decrease of 1 pH unit accounts for an increase of 59 mV in 
the ORP. Taking this into account, the ORP in both soils is pretty much comparable. 
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However, faster changes of the ORP are observed in soil C, which could due to a 
higher microbial activity. An environment with a more neutral pH is generally more 
favourable for micro-organisms. Moreover, the higher OM-content in soil C also 
provides electron donors, which are necessary for microbial growth. 
 
 
Soil chemistry 
The influence of the ORP on the metal pore water concentration is different for each 
metal and also depends on the initial redox status of the soil. Under oxidized 
conditions the behaviour of Zn and Cu is mainly regulated by organic carbon, Fe and 
Mn oxides, which efficiently adsorb or occlude trace metals (Guo et al., 1997; 
Emmerson et al., 2000; Huggett et al., 2001). A decrease of the redox potential may 
cause changes in metal oxidation state, leading to the formation of new low-soluble 
minerals, and reduction of Fe and Mn oxides, resulting in the release of associated 
metals (Tack et al., 1998; Ma & Dong, 2004). This can be seen in the metal pore 
water concentration of soil C. Fe, Mn and Ni concentrations increase when the soil is 
being flooded and decrease when the soil is being dried. In the first dry period the Fe 
and Mn concentrations also increase, which indicate that the water, periodically 
added to simulate showers, induced reducing conditions. In soil N those mechanisms 
are harder to verify by looking at the metal pore water concentrations. Only Fe in that 
soil shows the same concentration profile as in the pore water of soil C. The 
predominant influence of the low pH maybe is an explanation for this.  
Different processes occur when the soil was subjected to reducing conditions during 
a longer period of time. Although the proportion Zn and Cu associated with Fe and 
Mn oxides in sediments decreases under reducing conditions; the proportion 
associated with carbonates, insoluble humic substances and sulphides increases 
(Guo et al., 1997; Chapman et al., 1998; Chapman & Wang, 2001). 
During a drying period however, the sulphides are oxidised again and the metals are 
released. Of the three soils, soil L is the only soil which contained measurable 
amounts of sulphides in the beginning (Figure 1). After a dry period (with periodic 
simulated showers) of 200 days (at day 280) the soil is not oxidised at a depth of -20 
cm. The ORP of soil L (Figure 4) at that time is still low and the metal pore water 
concentrations are also very low and constant. From that moment, the ORP value 
rises in the top layers (and later also in the deeper layers) and the concentration of 
Cd, Cu, Mn, Ni and Zn in the pore water increases. This, together with the lower 
measured values of sulphides after one year, indicates that the metal sulphides are 
being oxidised and the metals are released. The pH of the pore water did not 
decrease due to the formation of sulphate, probably because of the high CaCO3 
content, present in that soil. Fe concentrations in the pore water did not increase 
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much, indicating that no large amounts of Fe sulphides were present in the soil or 
that the released Fe is quickly oxidised and immobilised as Fe oxides.  
 
Pore water 
When the pore water concentrations are compared with soil sanitation values for 
groundwater (ssvg), different conclusions should be drawn than when looking only at 
the total metal content. In general, the metal concentrations in the pore water of the 
uncontaminated soil N always exceed the sanitation value for Cd (5 µg.L-1), Ni (40 
µg.L-1) and Zn (500 µg.L-1) (Vlarebo, 1996), while this is most of the time not the case 
in the contaminated soils C and L. However, when soil L is being oxidised, the Cd, Ni 
and Zn concentrations also exceed the ssvg. The ssvg of Cu (100 µg.L-1) and Cr (50 
µg.L-1) is never exceeded in the pore water of the contaminated soils, while in the 
pore water of soil N with the lowest pH, the ssvg is frequently exceeded. It has to be 
mentioned that the deionised, oxygen-rich water used in the experiment mimics the 
worst case scenario. River water is likely to contain OM which can be used as a food 
source for sulphate reducing bacteria and thus hindering a rapid oxidation which is 
seen in these tests. 
It is clear that when a reduced sulphide-rich soil is allowed to oxidise, this can pose 
much problems concerning metal mobility. When the buffering capacity for the pH of 
the soil is depleted (e.g. through dissolution of carbonates), soils with a very low 
metal content can pose huge problems for a prolonged period of time. One should 
not allow this to happen, as after initial oxidation, it takes over two years of inundation 
to reduce pore water concentrations again below the sanitation thresholds. In soils 
which are well buffered and reduced on the other hand, the metal mobility is minimal. 
The pore water concentrations remain very low, even if the total metal content is 
higher than the widely accepted and used soil sanitation values. As long as sulphides 
are being oxidised, but the buffering capacity has not been depleted, sanitation 
thresholds can also be exceeded in soils with a high total metal content, but the 
metal mobility increases are much smaller than when no buffer is present. A reduced 
sulphide rich soil or sediment should thus not be oxidised to preserve its buffering 
capacity and to prevent that metals would be mobilised. 
 
Reed growth and metal uptake 
The variations in reed characteristics are also significant. The reed that grew on soil 
N was smaller, thinner, less dense and had a lower productivity than the reed that 
grew on the other two soils. The concentrations of most metals (except Mn) did not 
differ significantly between reed plants that grew on the contaminated soils (C and L). 
The differences in the reed growth between these two soils could thus not be 
attributed to the metal contamination, but is most likely due to the better nutrient 
status of the dredged sediment. Reed, an important plant species in the study area, 
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is generally not known as an accumulator of Cd and Zn on polluted soils. However, 
metal concentrations in decaying reed litter may significantly increase due to contact 
with polluted sediments (Du Laing et al., 2006). In contrast to reed, willows may be 
used as good indicators for Cd and Zn bioavailability on sediments, freshwater tidal 
marshes and alluvial soils (Vandecasteele et al., 2005). In the Scheldt estuary, 
freshwater tidal marshes with willow woods occur as a climax stage between the 
Rupel and the Dender embouchures. 
The lower amount of chl a and chl b in reed leaves grown on the uncontaminated 
clay soil is probably due to the low pore water pH and related to the high sulphate 
concentrations in this substrate. Low pore water pH does not only have an influence 
on the growing performance of reed, but also promotes a higher metal availability 
(see also “total metal contents in reed”). It has been recognised that metals directly 
or indirectly inhibit photosynthesis through different mechanisms: one of them being 
through interference with chlorophyll synthesis (Lagriffoul et al., 1998). During 
sampling, one could already visually observe differences between the three 
substrates: reed growing on C and L was larger and much greener than reed grown 
on N, the latter being smaller, having a lower density and a yellow colour. Higher 
pigment content of ‘leaf a’ could be related to the age and associated physiological 
status of the leaf. Carotenoid content was only related to sampling time with the 
highest values noted in September 2004, which may be attributed to the die back of 
the reed at the end of the growing season.  
Although one would expect the lowest fluorescence values in reed grown on metal 
contaminated substrates (C and L), the opposite was observed: lowest values of 
Fv/Fm were observed in the uncontaminated clay soil (N). In the conducted 
experiment other substrate properties, like the high sulphate content and especially 
the lower pH, which influences metal availability, caused the higher stress in the 
uncontaminated clay soil. Metals can influence the photosynthesis directly by 
inhibiting the photosynthetic electron transport as well as activities in the Calvin cycle 
or the assimilation of CO2. Indirectly they interact with photosynthesis through a 
decrease in photosynthetic pigments (see above), or damaging the structure of the 
chloroplasts, lipid and protein composition of the thylakoid membranes (Burzynski & 
Klobus, 2004). So a higher amount of metals in the leaves probably interferes with 
photosynthesis, and as fluorescence is inversely proportional to the rate of the 
photosynthetic activity, this is reflected in the Fv/Fm measurements.  
 
Tubifex tubifex 
For soil and sediment associated metals; bioavailability is expected to vary with 
environmental variables such as pH, organic matter, redox potential, acid volatile 
sulphide and cation exchange capacity (Tessier & Campbell, 1987; Van Gestel et al., 
1995; Ankley et al., 1996; Bervoets et al., 1997; Hund-Rinke & Kördel, 2003) and 
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biological factors such as vegetation, species dependent regulation mechanisms, 
habitat and feeding behaviour (Hund-Rinke & Kördel, 2003; Peijnenburg & Jager, 
2003; Hendrickx et al., 2004). Although Zn and Cu are metals which are known to be 
essential for normal metabolic functioning, and are assumed to be physiologically 
regulated by some freshwater invertebrates, there is clearly an influence of 
inundation period on the accumulation of both metals (Rainbow & Dallinger, 1993; 
Timmermans, 1993; Parametrix, 1995). The impact of inundation period is closely 
linked to the redox conditions in the substrates at the beginning of experiment, which 
may also explain the different accumulation patterns between the substrate types. At 
the start of the experiment, the dredged sediment was already strongly reduced (-275 
mV in 0 psu; -245 mV in 3 psu) while conditions in the upland soil point to a rather 
oxidized state (45 mV in 0 psu; 251.7 mV in 3 psu). The lower accumulation of Zn 
and Cu with prolonged flooding in the upland soil (C) is probably associated with 
reduced conditions under which Zn and Cu become less mobile and less available to 
T. tubifex. The sediment, which was not influenced by inundation period, showed a 
more stable redox profile during the course of the experiment, so that no major 
changes in bioavailability would be expected.  
In addition to the effect of flooding, a higher accumulation of Zn and Cu was 
observed for the upland soil in the brackish treatment (compared to the freshwater 
treatment), which is probably due to a salt effect. The reaction of bound metals to 
flooding with saline water depends on two counteracting processes: (1) desorption 
regulated by complexation with salt water anions (Cl- and SO4

2-) and/or competition 
for sorption sites with cations (Na+, K+, Ca2+ and Mg2+) and (2) coagulation, 
flocculation and precipitation (Chapman & Wang, 2001). Initial accumulation was 
always higher at the start of the experiment (0 months of incubation) in the 3 psu 
treatments. Inundation with saline water (of substrates that were initially not saline) 
may hence cause the dissolution of minerals such as Fe and Mn oxides and thus 
result in the release of associated trace metals (Emmerson et al., 2000). However, 
while desorption of metals with increasing salinity can result in increasing metal 
concentrations in the overlying water, concurrent increases in Ca2+ and Cl- can 
decrease bioavailability (Chapman & Wang, 2001; Riba et al., 2004). It seems likely, 
as only the upland soil was affected by the salinity treatment, that during the first 
weeks of inundation – i.e. while the substrate is still oxidised – enhanced 
bioavailability of Zn occurs because of dissolution of Fe and Mn oxides. Later on, 
when due to the inundation the substrate becomes more reduced, the amount of 
dissolved Zn decreases due to binding to e.g. carbonates, sulphides or organic 
carbon. 
Equivocal effects of salinity and flooding on the growth and reproduction of T. tubifex 
remain unclear. Growth seems to decrease with prolonged inundation in the 
freshwater treatments, while an opposite but less clear trend was observed in the 
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brackish treatments. Cocoon production was clearly adversely affected at 0 psu in 
the sediment, while the other treatments were unaffected. However, life history traits 
can be expected to be strongly dependent on substrate characteristics. Lacey et al. 
(1999) stated that in sediments with similar loss-on-ignition values, the quality and 
type of the available organic matter can strongly influence growth and can give rise to 
confounding effects in ecotoxicological tests. It is also possible that other 
contaminants, e.g. organic substances, are present that may have influenced 
reproduction and growth.   
The impact of the different water regimes is linked to redox potential; oxidation of the 
substrates due to the dry period will alter metal bioavailability. As Cu and Zn become 
less mobile and less available with prolonged flooding due to more reduced substrate 
conditions (see above), oxidation of the substrates will initiate processes which 
promote a higher metal availability. Oxidation of reduced soils and sediments can 
cause the release of the associated metals through different mechanisms e.g. due to 
oxidation of sulphides and/or a decrease in pH due to oxidation (Cappuyns & 
Swennen, 2005). In our experiments no significant decrease in pH was noted upon 
oxidation of the substrates (probably due to buffering by carbonates present in the 
substrates), so the higher availability of Cu and Zn can not be explained by pH 
changes. Riedel et al. (1997) stated that higher oxygen levels caused the oxidation of 
organic substances and sulphides to which Cu was bound, resulting in the release of 
sediment associated Cu. The amount of organic substances in dredged sediment 
tends to decrease when exposed to oxidising conditions. This loss of organic matter 
is associated with chemical changes, e.g. humic material becoming structurally less 
complex (Gambrell, 1994; Stephens et al., 2001). Metals, which were under reduced 
conditions strongly bound to sediment organic matter, tend to become less tightly 
bound e.g. less stable-bound carbonate and exchangeable fractions (Eggleton & 
Thomas, 2004). Not all metals show a strong response to this loss of organic matter 
because organic matter in upland soils is also effective in immobilizing them. 
However, significant releases have been shown for Zn and Cd in particular 
(Gambrell, 1994). Different, less strong binding mechanisms which are more 
sensitive to the oxidising conditions are probably the cause of the higher Cu and Zn 
accumulation in the upland soil. The absence of a response to the freshwater 
summer dry/winter wet treatment in the dredged sediment remains unclear and can 
possibly be attributed to substrate variability. 
As stated above, the effect of saline water depends on two opposing processes: (1) 
desorption and/or competition for sorption sites and (2) coagulation, flocculation and 
precipitation (Chapman & Wang, 2001). When assuming that Cu and Zn interact with 
different binding sites or that Zn, as stated by Eggleton & Thomas (2004), rapidly 
readsorbs to particles upon oxidation, the competition between salt water cations as 
Na+, K+, Ca2+, Mg2+ and Cu for sorption sites can explain the higher bioavailability of 
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Cu in the brackish treatments. Another possibility comprises the transformation of Cu 
from a filterable state into a particulate state (organic and inorganic), as often 
happens in estuaries, which results in a decrease in dissolved Cu (Hall & Anderson, 
1999). As Tubificidae are bottom dwelling organisms which feed on the sediment, 
such an increase in particulate Cu can cause elevated internal concentrations.   
Although average weight of the retrieved organisms was higher in the permanently 
flooded treatments when brackish water was applied, no effect of salinity was noted 
for the summer dry/winter wet treatments. Interpretation of these observations is 
difficult, especially as the variation in growth in the permanently flooded treatments 
tested after 0, 6 and 12 months was high. The same goes for the cocoon production: 
only the dredged sediment in the brackish treatments showed a noticeable difference 
in reproduction when comparing both water regimes. No link was found between Zn 
or Cu accumulation and the measured population parameters. As stated before, the 
influence of substrate characteristics and the possible presence of other 
contaminants can cause these unclear effects. Due to methodological constraints, Cd 
concentrations could not be measured in T. tubifex. Since Cd is an important 
pollutant in the study area, assessment of the effect of flooding, inundation period 
and salinity on Cd availability for this organism is an important future research need. 
 
Orchestia gammarellus 
Contrary to the T. tubifex experiments, none of the observed differences in Zn or Cu 
accumulation in the O. gammarellus experiments could be attributed to the different 
substrate types. Talitrid amphipods, like O. gammarellus, get most of their Cu and Zn 
from their food rather than from solution; which can explain why no differences in 
accumulation between the substrates were noted (Weeks & Rainbow, 1993). Zn 
accumulation was not affected by salinity which is in line with the observations of 
Weeks & Rainbow (1992). However, although the same authors found no differences 
in Cu body burdens under different salinity regimes, we observed significant effects 
of salinity on Cu accumulation. It must be stressed that they exposed amphipods only 
for a short period (72h) to different salinity regimes while in our bioassay exposure 
took place during 42 days. Additionally, they used spiked waters while we exposed 
the organisms to contaminated substrates which makes the comparison even more 
complicated. It is possible that the inevitable presence of green algae on the 
substrates causes confounding effects. When such an additional food source is 
available this can interfere with metal accumulation because next to the substrates 
and the presented food there is now an additional factor which can mediate with 
metal uptake.  
Amphipods were always larger in the saltwater treatments. The salinity of the 
brackish water (3 psu) probably coincides with their lower limit of salinity tolerance 
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and could induce an energy consuming physiological response to maintain their 
osmoregulatotory balance. 
For O. gammarellus it has been known that accumulated metals, like Cu and Zn, are 
detoxified and stored in the form of metal rich granules in the ventral caeca of the 
midgut (Nassiri et al., 2000). These granules will eventually be removed when these 
cells complete the cell cycle and leave the body through discharge into and from the 
gut (Rainbow, 2002). This is not a process of regulation of body metal 
concentrations, because internal body burdens will still vary with the external 
availability of metals and in proportion to the amount of metal rich granules in the 
ventral caeca (Marsden & Rainbow, 2004). This probably explains why no link 
between metal accumulation and growth was found. Subjecting both substrates to 
the different water regimes gave rise to different accumulation patterns for Cu and 
Zn. Zn body burdens were higher in the permanently flooded treatments and Cu 
accumulation was higher in the summer dry/winter wet treatment. These results can 
not be satisfactory interpreted in terms of the changing redox conditions in both of the 
substrates as the summer dry/winter wet regime would promote more oxidised 
substrate conditions which in turn would cause a higher bioavailability of both metals. 
Only Cu accumulation in the upland soil seems to react according to this pattern. 
Furthermore, only Zn body burdens were influenced by salinity; lowest Zn ratios were 
observed in the sediment treated with salt water. Several studies reported that 
changes in the salinity of the food or the habitat should have little or no effect on the 
internal concentrations of Cu or Zn in semi-terrestrial amphipods (Marsden & 
Rainbow, 2004). As high littoral species depend more on metals from the diet than 
species that are submerged each tidal cycle, it seems likely that the presence of 
green algae on the substrate mediated directly or indirectly metal accumulation. King 
et al. (2005) observed that amphipods in the presence of algae showed an increase 
in Cu accumulation, which was probably due to a more rapid, but not necessary 
selective feeding behaviour. So metal accumulation could increase due to an 
increased partitioning to the pore waters or if the ingestion of metal contaminated 
algae (growing on the surface of the substrates) would increase (in preference to the 
offered food source). Nevertheless, the precise origin of the observed differences in 
metal accumulation remains unclear. Growth was, in general, not affected by the 
different flooding regimes. Only in the dredged sediment treated with brackish water, 
growth was significantly higher in the summer dry/winter wet treatment. More 
importantly, there does not seem to be a link between metal accumulation and 
growth: i.e. none of the observed accumulation patterns for Cu and Zn are reflected 
in the growth ratio. This is possibly due to storage of the detoxified metals in granules 
in the midgut as described higher. 
Due to methodological constraints, Cd concentrations could not be measured in O. 
gammarellus. Since Cd is an important pollutant in the study area, assessment of the 
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effect of flooding, inundation period and salinity on Cd availability for this organism is 
an important future research need. 
 

3.4 Conclusions and recommendations 
Metal (im)mobilization kinetics were assessed with a very high resolution for different 
soils upon changing hydrological conditions. These are primarily important to be 
incorporated in models in the near future. These models should allow to predict metal 
mobility changes at the oxic-anoxic interface, where the already existing geochemical 
models fail due to the fact that they are based on steady state conditions. Moreover, 
the results confirmed that the metal mobility in the soil does not depend on the total 
metal content. When assessing potential risks involving metal mobility and toxicity, 
different factors such as soil pH, CEC, salinity, redox status and carbonate, OM and 
clay content must be considered.  The hydrological regime is found to be a very 
important factor controlling metal mobility in contaminated flood control areas. It is 
clear that variations in the redox status of the soil significantly affect the amount of 
metals in the pore water. When contaminated reduced sediment is being oxidised, 
metal availability increases quite rapidly. Flooded conditions minimize the availability 
of metals in the long run. It is clear that when a reduced non-calcareous, sulphide-
rich soil is allowed to oxidise, this can pose much problems concerning metal 
mobility. When the buffering capacity for the soil pH is depleted (e.g. through 
dissolution of carbonates), even soils with a very low total metal content can pose 
huge problems for a prolonged period of time. One should not allow this to happen, 
as after initial oxidation, it takes over two years of inundation to reduce pore water 
concentrations again to acceptable levels (e.g. below sanitation tresholds for 
groundwater). In soils which are well buffered and reduced on the other hand, the 
metal mobility is minimal. The pore water concentrations remain very low, even if the 
total metal content exceeds the soil sanitation values, which are currenly being used. 
As long as sulphides are being oxidised, but the buffering capacity has not been 
depleted, metal contents in pore water can also be very high (e.g. exceed sanitation 
tresholds for groundwater) in soils with a high total metal content, but the metal 
mobility increases are much smaller than when no buffer is present. A reduced 
sulphide rich soil or sediment should thus not be oxidised to preserve its buffering 
capacity and to prevent that metals would be mobilised. However, some other 
elements, such as arsenic (As), may become more mobile in these circumstances 
and breakdown of organic pollutants may be inhibited, which needs further 
investigation.  
Also the salinity of the flooding water primarily affects the mobilization of Cd in 
contaminated soils. The Cd concentration in the pore water increases with increasing 
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salinity of the flooding water. This is an important aspect to take into consideration 
when creating wetlands in the brackish parts of the Scheldt estuary. 
Similar observations were made for the accumulation of metals such as Zn and Cu 
by benthic organisms like T. tubifex. The metal accumulation was found to strongly 
depend on the inundation period. Although initial accumulation of Cu and Zn was 
higher in the contaminated upland soil (C) at the start of the permanent flooding 
treatment, these differences seem to disappear after 6 months of permanent 
inundation, and are probably associated with the change in redox potential as they 
were not observed in the reduced sediment (L). When the same substrates were 
allowed to oxidise in the summer dry/winter wet treatment, Zn and Cu became on 
average more mobile, resulting in a higher accumulation. Due to methodological 
constraints, Cd concentrations could not be measured in O. gammarellus and T. 
tubifex. Assessment of the effect of flooding, inundation period and salinity on Cd 
availability for these organisms is an important future research need. When a wetland 
is constructed in a historically metal-polluted area, permanently leaving a minimal 
amount of water in the area can reduce the metal transfer from the sediment to the 
benthic fauna, and possibly to higher trophic levels.  
The reed growth was negatively affected by the low pH which was initiated by the 
oxidation of the pyrite in the uncontaminated soil. To prevent such negative effects 
on reed growth, the oxidation of sulphide rich soils should be prevented. Reed growth 
does not seem to be affected by environmental metal pollution levels and the plants 
do not seem to accumulate metals as Cd, Zn and Cu. The latter however also implies 
that other plants, e.g. willows or Scirpus maritimus, may be better suited for 
measuring metal availability for plants. 
 in aboveground plant parts. 
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4 FIELD SCALE EXPERIMENTAL SETUP 

4.1 Materials and methods 

4.1.1 Experimental setup 
The mesocosm site consists of a metal construction of 4 tanks (2.56 m²) (Figure 24), 
placed on a platform in the Schelde estuary approximately 30 m off the left river bank 
at Kruibeke, which lies about 100 km from the mouth. Tanks are flooded every high 
tide of 4.80 m TAW, which means twice a day. The tanks are filled with contaminated 
and non-contaminated soils from two nearby polders (Lippenbroek polder and Niel 
polder), and in 2 tanks reed (Phragmites australis (Cav.) Steud) was planted to result 
in a 2*2 experimental design. Reed rhizomes were harvested in Kijkverdriet 
(Steendorp). Reed was planted in one contaminated and one less contaminated soil. 
In both treatments, the same amount of reed was planted, taking into account the 
number of living nodes at the rhizomes and the weight of the rhizomes. The tanks 
were numbered A, B, C and D (Figure 23). 
 

   
Figure 23: Numbering of tanks and treatments. A and B are closest to the river bank, B 

is the upstream direction 
 
 
 

 

A: non-contaminated, reed 

B: contaminated, reed 

C: non-contaminated, blanco 

D: contaminated, blanco 
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Figure 24: Photograph and schematic view of the mesocosm. Water inlet of the tanks 
is at 4.80mTAW, ground level at approx. 5.80mTAW 

 
Additional containers with the different types of test soil (the same types as used for 
the experiment in Ghent) were installed in the mesocosmos at Kruibeke. Each 
container consists of a flower box filled with substrate, in which small sieves are 
placed. After one month of equilibration, animals (T. tubifex) were transferred into 
these reservoirs.  

4.1.2 Sampling 
To estimate the sedimentation (vertical accretion), a marker horizon (50*50 cm) of 
fine white kaolin clay and silver sand (1:3) was placed on the marsh surface. This 
layer was permeable for water and vegetation. The sedimentation was estimated as 
the accumulation of sediment above these kaolin clay fields. A minimum of 4 
measurements - by taking cores (∅ 8 mm) and retracing the white layer - were taken 
at each plot.  
Suspended solids in the river water were sampled monthly at the ‘pontoon’ of 
Kruibeke by the Flemish Environment Agency and the University of Antwerp. 
Samples were collected approximately 0.5 m below the water surface at 4 stages in 
the tidal cycle (4.80 m - between 4.80 m and high water - high water - after high 
water). Soil pore water was sampled with “peepers”, in situ samplers which were 
placed in April 2003, to measure pore depth profiles (Figure 25). 
 

 
Figure 25: “peeper” polycarbonate membrane pore water sampler 
 
The samplers consist of PVC-plates, with 25 cavities, which can be seen as cells. A 
polycarbonate membrane separates these cells from the soil. The first cell is situated 
0.5 cm below the soil surface, the last one about 62 cm. Each cell has an in- and 
outflow. Every two months, a homeostasis between the pore water and the cell (filled 
with demineralized water) is established, and pore water can be sampled. The first 
measurements started in June 2003.  
In the added containers, three sieves per container were seeded with 10 mature 
oligochaetes every two months, since September 2004. Two months after seeding, 
the old sieves containing the test organisms were retrieved and three new replicates 
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were seeded. In May, July and September 2004, 10 reed plants were sampled 
according to the procedure as described in Chapter 3. The older leaf was not 
sampled in May as insufficient leaves were available. Sampling of undisturbed core 
soil samples in the tanks was done with a liner sampler (04.15.SB, Eijkelkamp, 
Giesbeek, NL) every two months the first year and every four months the second 
year. The core samples were divided into five sections: the deposited sediment was 
separated from the rest of the soil, which was divided into four segments of 20 cm: 0-
20, 20-40, 40-60 and 60-80 cm below the soil surface. 

4.1.3 Analysis 

4.1.3.1 Soil characteristics  
The soil characteristics such as pH, OM, EC, CEC and CaCO3 were determined as 
described in paragraph 3.1.3.1. The same methodology was used as described in the 
previous mentioned paragraph to determine total heavy metal content of the soil and 
the sulphide content of the soil samples. 

4.1.3.2 Pore water characteristics 
In the pore water, the following metals were measured every two months: Al, As, Cd, 
Cr, Cu, Ni, Zn, Pb, Fe and Mn. They were analysed using Inductively Coupled 
Plasma Optical Emission Spectrophotometry (ICP-OES). Ammonium, nitrate, nitrite, 
sulphate and phosphate contents were also measured colorimetrically every two 
months.  

4.1.3.3 Reed 
At the beginning of November 2003 and 2004, all the reed shoots were harvested for 
biomass determination. The shoots were dried at 70°C for 24 h and dry weight was 
measured. During the growing season 2003 and 2004, the density of reed was 
measured every month until the end of September, and panicles were counted. For 
2003, 50 shoots per treatment were measured in detail (shoot length, shoot diameter, 
number of leaves, presence of panicle). The different parts were washed, oven dried 
at 70°C for 24 h, and dry weight was determined. Heavy metal content was 
measured yearly in different parts (shoot-leaf-panicle). The different parts were 
washed and oven dried at 70°C for 24 h. Heavy metals were analyzed using ICP-
OES. The photosynthetic pigment content was measured and the measurement of 
chl a fluorescence was performed as described in Chapter 3. The same procedure as 
described in Chapter 3 was used to determine the activity of the stress enzymes. 
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4.1.3.4 Invertebrates 
The oligochaetes were sorted out in the laboratory and gut clearance was allowed for 
24 h. The retrieved animals were digested in hot acid as described in Chapter 3 and 
internal concentrations of Zn and Cu were measured. 

4.1.3.5 Suspended solids 
Suspended solids were analyzed for grain size distribution (laser diffraction method, 
Malvern Mastersizer). They were also separated from the water by sedimentation, 
dried at 70°C and analysed for metals using ICP-OES after destruction with aqua 
regia (1/3 HNO3 / HCl). 

4.1.3.6 Tidal characteristics 
Tidal water levels were recorded continuously (every 15 min) in a tube of 80 cm 
depth with a data logger (data logger, type Diver, Eijkelkamp Agrisearch Equipment). 

4.1.4 Statistics 
The same statistical procedures as described in Chapter 3 were used. GLMM’s were 
fitted for the photosynthetic pigment content, the fluorescence measurements and 
the stress enzymes determined in reed.  

4.2 Results 

4.2.1 Soil characteristics 
The soil characteristics at different depths are depicted in Figure 26 to Figure 28. 
They differed significantly (p< 0.05) between the contaminated soil (beds B and D) 
and the uncontaminated soil (beds A and C), except for the chloride content. No 
differences were observed between the treatments planted with reed and the ones 
without reed, except for the pH and EC of the uncontaminated soil (A and C). The pH 
values were slightly, but significantly higher in the soil without reed, whereas the EC 
values were lower. This could be due to e.g. the excretion of siderophores by the 
reed. The differences were however not significant in the contaminated soil. The total 
Cd concentration in the contaminated soil exceeds the soil sanitation tresholds for 
nature and agricultural areas. Cr and Cu concentrations do not exceed any sanitation 
threshold, but they significantly exceed background levels. 
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Figure 26: Average pH, EC, CEC, OM-content and CaCO3 and chloride concentrations 
throughout the depth of the four beds. Horizontal bars indicate standard  

deviations (n =7) 
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Figure 27: Average metal (Cd, Cr, Cu, Fe, Mn and Zn) concentrations throughout the depth of 

the four beds. Horizontal bars indicate standard deviations (n =7) 
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Figure 28: Average metal (Ni, Pb, Al, Ca and As) concentrations and dry matter content 
throughout the depth of the four beds. Horizontal bars indicate standard deviations  

(n =7) 
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The characteristics of the top layer (above 0 cm) differed from those of the underlying 
soils. This is due to the fact that this layer consists of deposited sediment (see also 
4.2.5). The metal contents of the deposited sediments are much higher (except for Ni 
and Al) compared to the metal contents of the uncontaminated soil and lower (except 
for Ca) compared to the metal contents of the contaminated soil. Similar conclusions 
can be drawn for the OM content and the CEC. The CaCO3 content of the deposited 
sediment is much higher than the ones of the soils. The soil pH was nonetheless 
lower in the sediment. 
The total Cu, Cr, Cd and Zn concentrations in the deposited sediments exceeded the 
background values and are according to the Flemish legislation (Vlarebo, 1996) too 
high to allow this sediment to be deposited in nature areas. Cd levels in the sediment 
are even too high to deposit this sediment anywhere without any treatment.  
In October 2003 and September 2004, no sulphides were detected in the soil and 
deposited sediments of the four beds. In May 2005, variable amounts were detected 
in the deposited sediments (see Table 6). Small amounts were detected in the upper 
half of the soil layer of beds A, B and C. The sulphide contents of the sediments in 
the beds planted with reed (A and B) were lower than in the ones without reed (C and 
D). This could indicate that reed slows down the sulphide formation or increase 
sulphide oxidation, which could be due to oxygen supply to its roots. 
 

Table 6: Sulphide content of the four beds in May 2005 
 

 Sulphides (mg.kg-1 DM)
 A B C D 

Sediment < 10 71 399 1542 
0-20 cm 73 79 83 < 10 
20-40 cm 24 13 129 < 10 
40-60 cm < 10 < 10 < 10 < 10 
60-80 cm < 10 < 10 < 10 < 10 

 

4.2.2 Pore water characteristics 
The concentrations of (NO3

-)-N nitrate were lower than the detection limit in almost all 
samples of the uncontaminated treatment. In the contaminated treatment, 
concentrations were low in the upper soil level but increased with depth and reached 
highest concentrations (3-5 mg N.L-1) around -30 cm. Below -30 cm, concentrations 
started to decrease towards the detection limit, which was reached at -50 cm. 
Ammonium concentrations ranged between less than the detection limit and 1.50 mg 
N.L-1. No trend was found as a function of depth. (NO2

-)-N nitrite-concentrations were 
mostly lower than the detection limit. No seasonal trends were found for all three N-
parameters (Figure 29). For orthophosphate, no trends were found. The 
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concentration ranged between 0 and 2.5 mg P.L-1 (Figure 29). SO4
2-

 concentrations 
were much higher in the uncontaminated than in the contaminated treatments. No 
seasonal trend was found (Figure 29). Also for Fe and Mn, no seasonal trend was 
found. In the contaminated treatment however, the concentrations of both Fe and Mn 
increased (Figure 29). No differences in Cd, Cr, Cu, Ni, Pb and Zn concentrations 
were found between the contaminated and the non-contaminated soils and no 
seasonal trends were detected (Figure 29). 
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4.2.3 Reed 
No significant differences in chl a, chl b or total carotenoid content were detected 
between the contaminated (B) and the uncontaminated substrate (A). On average, 
lowest concentrations of chl a, chl b and total carotenoids were found in July 
(sampling date effect, p<0.001). Analysis of the the chlorophyll a fluorescence data 
revealed an interaction between substrate type and leaf (substrate type*leaf 
interaction, p<0.05) (Figure 30). Values for leaf a were always lower in the non-
contaminated soil (A), which indicates higher stress in leaf a. The interaction between 
substrate type and date was significant (substrate type*sampling date interaction, 
p<0.05). The B substrate showed the highest values of Fv/Fm in September, while it 
was the other way around for the A substrate. All other effects and interactions were 
not significant (pall>0.09). 
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Figure 30: Fv/Fm of a young leaf (leaf a) and an older leaf (leaf b) of Phragmites australis grown 

on different substrates (A and B) under field conditions. Data are presented  
as mean ± SE 

The activity of the stress enzymes ME, GR and ICDH was not influenced by 
substrate type (p all>0.15) (Figure 31). The activity of GPOD and APOD was 
significantly different between both substrates (substrate effect, p<0.05), activities of 
both enzymes were doubled when comparing the A with the B substrate.  
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Figure 31: Activity of GPOD and APOD in leaves of Phragmites australis grown on different 

substrates (A and B) under field conditions.  Data are presented as mean ± SE 
The biomass did not differ significantly between the two treatments. The productivity 
of the reed was 268 g.m-2 for bed A and 303 g.m-2 for bed B. The reed density in 
September 2003 was around 120 shoots/m2. This density resembles the density of 



Project EV/32 - “Changes in metal biogeochemistry resulting from wetland creation: bioavailability, toxicity and risk” 

SPSD II - Part 2 - Global change, Ecosystems and Biodiversity – Biodiversity 67 

reed in the marshes near the river Scheldt. In September 2004, densities were much 
higher (400 shoots/m2). There was no difference in density of shoots between the 
treatments (Figure 32). 
 

 
Figure 32: Measurements of density during the growing season 2003 and 2004 

 
Allometric parameters did not differ between the treatments. The average length of 
the shoot was 152 cm in bed A and 159 in bed B, the average diameter was 5,4 mm 
in bed A and 5,5 mm in bed B. No significant differences in reed metal content were 
found between the treatments (Figure 33). 

4.2.4 Invertebrates 
Average Zn body burdens differed significantly between sampling dates (date effect, 
p<0.001) but not between substrate type (p=1.19) (Figure 34). Highest Zn 
accumulation was noted in the animals retrieved from the samples from September 
and December 2005 (787.93 ± 54.24 and 744.78 ± 44.29 respectively). However, 
substrate type and date of sampling interacted, indicating that the effect of sampling 
date is not independent of the substrate type (substrate type *date interaction, 
p<0.05). 
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Figure 33: Heavy metal content in Phragmites australis. Treatment A is reed growing in the not 

contaminated soil, treatment B is reed growing in the contaminated soil 
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Figure 34: Zn accumulation in Tubifex tubifex exposed to four different substrates (OECD, N, C 
and L) under field conditions at the mesocosmos site at Kruibeke. Data are 

presented as mean ± SE 
 
Cu accumulation was influenced by substrate type (substrate effect p<0.001) and by 
sampling date (p<0.001) (Figure 35).  
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Figure 35: Cu accumulation in Tubifex tubifex exposed to four different substrates (OECD, N, 
C and L) under field conditions at the mesocosmos site at Kruibeke. Data are 

presented as mean ± SE 
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Average Cu body burdens were lowest in the OECD and the uncontaminated clay 
substrate. Lowest Cu accumulation was noted in March 2005 and highest in July 
2005. The interaction between substrate type and date of sampling was significant 
(p<0.001). 

4.2.5 Sedimentation 
Sedimentation took place at a constant rate of approx 6mm/month until month 20, 
when sedimentation suddenly drops to zero or even below (erosion). Ground level is 
approx. at 5.80m TAW. Average sedimentation did not differ between the 4 
treatments (Figure 36).  
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Figure 36: Sedimentation in the experiment in Kruibeke. Treatments A with reed and C without 

reed are the less contaminated treatments. Treatments B with reed and D without 
reed are the contaminated treatments 

4.2.6 Tidal characteristics 
The tidal regime follows the regime of the river. At high water above 4.80 m TAW, 
water flows in the experimental set-up. The groundwater starts rising 30 minutes later 
than in the outside of the experiment. The average duration of flooding above soil 
level was 1.6 h, the average height of flooding above soil was 10 cm (Figure 37). 
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Figure 37: Tidal and ground water level in the mesocosm during a spring-neap tidal cycle. 

Levels in cm, zero is at 4.80 m TAW, soil surface of mesocosm at 100 cm 

4.3 Discussion 
The sedimentation of suspended material proved to be an important process for soils 
which are daily flooded by river water in situ. Several centimetres of contaminated 
sediment are being deposited each year. The quality of the sediments that are 
nowadays being deposited in tidal marshes and flooding areas along the river 
Scheldt is too low to allow for a legal sediment deposition in nature areas, and in the 
case of Cd also too low to allow for a legal deposition in other types of areas. In 
areas where the soil is historically very contaminated, the deposition of still, but less 
contaminated sediment could however be beneficial for nature development, since 
the organisms live in or on the top layer of the soil and no adverse effects were 
observed for reed growth and the invertebrate population in the contaminated, 
reduced soils. Moreover, the deposited sediments could limit the oxygen transfer to 
the underlying contaminated soils, which would reduce the metal mobility. As also 
mentioned in chapter 3, these conclusions should still be drawn with great caution as 
the mobility of some other elements, such as arsenic (As), is expected to increase 
under these reducing conditions, which first needs further investigation.  
Vandecasteele et al. (2004b) also proposed to include the current soil contamination 
status of alluvial soils along the Zeeschelde and the Durme as a criterion in the 
selection procedure for new flood control areas. Otherwise, sediment of which the 
quality does not comply with the Flemish legislation regarding re-use of soils, will be 
deposited in areas that are not yet contaminated. The top soil layer will become 
contaminated with metals, which will be dispersed. As a result, the contaminated land 
surface will be enlarged. The two-year period in which the measurements were 
performed, was too short to detect significant changes in the metal biogeochemistry 
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and soil properties of the underlying soils. Therefore, the duration of the experiment 
should be extended. 
Moreover, interpretation of metal concentrations in pore water and assessment of 
metal fluxes is very difficult in the experimental setup in situ due to the fact that the 
Scheldt water flushes away all mobile metals in an uncontrollable manner during high 
tides.  
One can however suspect the beginning of Mn en Fe-oxide reduction in the deeper 
layers of the soil. Concentrations of most elements in the pore water also did not 
seem to differ significantly between the contaminated and the uncontaminated 
treatments. 
The observed differences in the measured photosynthetic pigments, chl a 
fluorescence and stress enzymes can rarely be explained by substrate type alone. 
The photosynthetic pigment content is not influenced by substrate type, but displays 
a seasonal pattern. Average values of Fv/Fm for ‘leaf a’ were lower (thus higher 
stress) in the non-contaminated soil, while one would expect that the reed would 
perform better in this substrate. In this case, other factors than metal contamination 
had an influence on the photosynthetic performance of the reed. For the stress 
enzymes, however, differences were observed. The highest values (highest stress) 
are found in the contaminated substrates, which could indicate a possible relation 
with metal contamination. APOD en GPOD are both involved in the detoxification of 
peroxides, GPOD mainly in the vacuole, cytosol and the cell wall while APOD is 
principally active in the cytosol and the chloroplast.  
As toxicological testing most of the time takes place in standardised and optimised 
conditions in the laboratory, it does not describe the situation in real environments. 
From ecological point of view, field studies are the most relevant way to assess the 
impact of metal contaminated soils and sediments. However, in case of moderate 
contamination it is extremely difficult to distinguish between effects originating from 
natural factors and those from the impact of metals (Chapman et al., 1998). The 
interaction between climatic conditions, other environmental factors (e.g. food stress, 
anoxia and salinity) and other pollutants has recently been acknowledged as an area 
of research that has been neglected in ecotoxicology (Spurgeon et al., 2005). 
Nevertheless, metal accumulation patterns displayed no general trend indicating that, 
as all samples were exposed to the same environmental conditions, other factors are 
responsible for the observed differences. Initially, animals were only exposed to the 
substrates that were added to the sieves, but after two months of exposure under 
field conditions the sieves became silted up with autochthonous sediment (with a 
different contamination degree). The moving behaviour of the oligochaetes is 
probably affected by season and temperature and hence the time they spend in the 
different compartments of the sieves. This probably explains partly why the observed 
metal concentrations do not follow the contamination degree measured in the original 
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substrates. Although the number of produced cocoons per sieve was counted, it 
seemed not to be as reliable as in the laboratory tests. Tidal action can cause the 
wash out of cocoons and the crawling around of the oligochaetes (which is affected 
by temperature and thus by date of sampling) obscures the real amount of cocoons 
produced. 
For the performance of the reed, it is difficult to make unambiguous conclusions as 
observed differences are rarely explained by substrate type alone. The different 
parameters also gave different results: while the fluorescence measurements point to 
more stress in the non-contaminated soil, stress enzymes indicate stressed growing 
conditions in the contaminated substrate. The absence of a link between metal 
accumulation in the oligochaete T. tubifex and the contamination degree of the 
substrates is probably related to the silting up of the sieves. If so, metal accumulation 
of oligochaetes in wetlands will eventually be related to the contamination degree of 
deposited materials. However, more detailed research is needed to gain more insight 
into the exact behaviour of oligochaetes during such a sedimentation process and 
the time lag effects of such an event. Due to methodological constraints, Cd 
concentrations could not be measured in O. gammarellus and T. tubifex. Assessment 
of the effect of flooding, inundation period and salinity on Cd availability for these 
organisms is an important future research need. 
Helophyte plants, including Phragmites australis, which are growing in wetlands in 
anoxic soils, release oxygen in the rhizosphere (Armstrong, J. 1978 & Armstrong, J & 
Armstrong, W. 1990). Because of the oxygen release, we expected a difference in 
the metal bioavailability between the treatments with and without reed. Because the 
pore water concentrations were not measured regularly in the deposited sediment, 
no influence of the reed on the pore water concentrations were detected. The 
sulphide content seemed to be affected by the reed growth.  
 

4.4 Conclusions and recommendations 
The creation of additional flood control areas will cause the spreading of metal 
contaminated river sediment. If uncontaminated areas will be used to create flood 
control areas, it will give rise to additional areas of contamination. On the other hand, 
in severely contaminated alluvial areas, the deposition of still, but less contaminated 
sediment could have beneficial effects by limiting the oxygen supply to the polluted 
underlying soil and reducing the metal content in the top soil layer. In this study, no 
adverse effects on metal mobility, invertebrate toxicity and reed growth were 
detected when the sediment stayed reduced. When soils are being flooded daily, 
they will most likely not oxidise, but the amount of contaminated sediment that is then 
being deposited could reduce the water storage capacity and thus the effectiveness 
of the flood control area. If the area is just being flooded once or twice a year, when 
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peek flows occur, deposition of polluted sediments is expected to be lower, but the 
deposited contaminated sediments are expected to oxidise and metals present as 
sulphides could become mobile. Since the top layer of the soil is an important habitat 
for much invertebrates, they could become exposed to elevated metal concentrations 
in the pore water. As long as the soil buffering capacity (related to CaCO3) is 
sufficient to prevent the pH to decrease during oxidation, metal mobilisation will be 
restricted. The two year period was too short to detect any measurable changes in 
the soil properties and to see any effect of the deposited sediment on the underlying 
soil layers. Future measurements within five, ten or even twenty years would be 
interesting to investigate longer term alterations in the soil biogeochemistry. 
The photosynthetic pigment content of the reed was not influenced by substrate type, 
but displayed a seasonal pattern. Other factors than metal contamination had an 
influence on the photosynthetic performance of the reed. Other plants, e.g. willows, 
may be better suited for measuring metal bioavailability in aboveground plant parts. 
For the stress enzymes there was a possible relation with the metal contamination, 
making it a more valuable parameter to determine metal toxicity for reed in this case. 
The reed did not have any measurable effect on the concentration of the metals in 
the soil or pore water. Also no differences in the concentrations of metals in the reed 
biomass were observed between the two treatments. Also in both treatments, no 
significant differences in reed growth were observed. 
The toxicological testing with invertebrates in situ seemed not as reliable as in the 
laboratory tests. The observed metal concentrations did not follow the contamination 
degree of the substrates. The moving of the invertebrates to the deposited 
autochthonous sediment probably nullified the possible and expected differences 
between the two substrates. More detailed research is needed to gain more insight 
into the exact behaviour of oligochaetes during such a sedimentation process and 
the time lag effects of such an event. Due to methodological constraints, Cd 
concentrations could not be measured in O. gammarellus and T. tubifex. Assessment 
of the effect of flooding, inundation period and salinity on Cd availability for these 
organisms is an important future research need. 
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5 GENERAL CONCLUSIONS AND RECOMMENDATIONS 
 
Risk assessment only based on total metal content for flood control areas is not 
advisable, as the metal mobility seems to be independent of the total metal content. 
Other factors such as soil pH, CEC, salinity, redox status and carbonate, OM and 
clay content also play an important role. When constructing flood control areas in a 
contaminated area, it is advisable to reduce the variability in the redox status of the 
soil to prevent the mobilization of the metals and the uptake by benthic organisms. 
This could be done by permanently flooding the soil or by flooding it daily to prevent 
oxidation. If not, the deposited contaminated sediment will oxidise and the metals 
present as sulphides will become mobile, even if the soil pH is buffered by 
carbonates. Since the top layer of the soil is an important habitat for much 
invertebrates, they can be exposed to elevated metal concentrations in the pore 
water. 
Two very important factors have to be taken into account and investigated when 
considering the creation of new flood control areas. The first one is the amount of the 
deposited contaminated sediment when the flood control area is being flooded daily. 
Large amounts of contaminated sediment could be deposited and reduce the water 
storage volume of a flood control area, thus minimizing its effect. The second and 
equally important factor is the quality of the deposited sediment and flooding water. 
The water quality of the rivers in Belgium is slowly improving, but the sediment quality 
is poor due to historical contamination. Results of this study confirm the idea that soil 
contamination status of alluvial soils should be used as a criterion when selecting 
new flood control areas. Uncontaminated flood control areas will be contaminated 
when sediment is being deposited. Moreover, upon increasing oxygen contents of 
the river waters, due to decreasing organic matter loads, the redox status of the 
sediments can change and metals could be released from the sediments, even when 
permanently flooded. As such, newly created wetlands can be confronted with 
increasing metal contents in its flooding water. The effect of the improving water 
quality on the metal release from sediments should certainly be further investigated 
in the future.  
The two year period was too short to detect any measurable changes in the soil 
properties and to see any effect of deposited sediments on the underlying soil layers. 
Future measurements within five, ten or even twenty years would be interesting to 
investigate longer term alterations in the soil biogeochemistry. The measured metal 
(im)mobilization kinetics can however already be incorporated in models in the near 
future. These models should allow to predict metal mobility changes at the oxic-
anoxic interface upon changing hydrological conditions, where the already existing 
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geochemical models fail due to the fact that they are based on steady state 
conditions. 
There are no clear indications that reed growth and metal uptake by reed plants are 
affected by the pollution status of the soils and sediments. The latter also implies that 
other plants may be better suited for measuring metal bioavailability in aboveground 
plant parts. 
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